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Abstract 
The bioavailability and toxicity of metals to amphipods is influenced by exposure route 
and co-toxic mechanisms. Metal bioavailability was studied in amphipods at sites affected 
by the 2014 Mount Polley Mining Corporation tailings impoundment breach. The area 
around the lake was also subjected to wildfire in 2017. Bioavailability was more 
correlated with sediment than waterborne metal concentrations with Cu correlating well 
with distance from the breach. Copper-sediment bioavailability to amphipods in 
combination with wildfire runoff was studied resulting in non-additive toxicity. Hyalella 
azteca exposed to Cu-enriched sediment with fire extract (FE) experienced a more-than-
additive effect on survival and amphipod whole-body Cu concentration but no significant 
reduction in growth or acetylcholinesterase activity compared to the Cu-contaminated 
sediment or FE alone, respectively. The present study highlighted the importance of using 
biological vectors to assess toxicity, sediment-focused toxicity study following 
contamination events, and revealed the co-toxic effect of FE and Cu-enriched sediment.  
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CHAPTER 1: Introduction 
 
Cu bioavailability to freshwater organisms 
 Copper (Cu) is a trace element that is commonly found in rocks and minerals. The 
mining of Cu is an essential aspect of today’s economy due to its malleability, durability 
and conductivity which make it a valuable consumable. Growth in Cu production has 
been linear with human population size since the 1900s and is expected to continue to 
increase in the coming decades (Singer, 2017). In 2012, 17 million metric tonnes were 
consumed worldwide for use in electronics, construction, machinery, and consumer 
products (Kerr, 2014).  The high demand for copper has increased the rate at which 
copper enters freshwater aquatic ecosystems through processes such as industrial 
wastewater. In addition to its economic value, Cu is an essential nutrient for all forms of 
plants and animals. Copper is necessary for many metabolic processes such as 
hemoglobin production, metabolism of glucose, and immune system response (Gaetke & 
Chow, 2003; Harris, 2001; Osredkar, 2011; Prohaska & Lukasewycz, 1989). These 
processes often exploit Cu’s ability to convert between Cu(I) and Cu(II) that transport 
electrons and cause reactions that are important for biological function. Although Cu is an 
element required for biological function, exposure to Cu above biological requirements 
can lead to toxicity. 
 Organisms exposed to elevated concentrations of Cu can experience toxic effects 
when Cu is bioavailable. Most organisms posses mechanisms that protect against Cu 
toxicity that include regulated import and enhanced export into and out of the animal. The 
import of Cu has been hypothesized to involve high affinity Cu transporters that are 
members of the Ctr1 family of membrane proteins (Sinani et al., 2007). Many organisms 
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use the cysteine-rich protein metallothionein to bind Cu and shuttle excess Cu out of the 
cell, therefore maintaining homeostasis (Roesijadi, 1996). When Cu concentrations are so 
high as to disrupt homeostasis, free Cu ions can promote the formation of reactive oxygen 
species (ROS) causing damage to lipids, proteins, and DNA (Gaetke & Chow, 2003). In 
the presence of reducing agents, Cu(II) is reduced to Cu(I) that allows the free electron to 
form hydroxyl radicals in the cell, a powerful ROS that is known to cause cell damage 
(Bremner, 1998; Lippard, 1999).  
Historically, toxicological effect concentrations were based solely on total metal 
concentrations, or on dissolved or acid extractable metal concentrations (Niyogi & Wood, 
2004). There has been increasing recognition that the total concentration of contaminants 
is not necessarily reflective of adverse toxicological effects in organisms. The toxicity of 
Cu has been shown to decrease with increasing water hardness (Borgmann et al., 2005; 
Chakoumakos et al., 1979; Howarth & Sprague, 1978; Pagenkopf et al., 1974) and 
dissolved organic carbon (DOC) (Al-Reasi et al., 2012; Gheorghiu et al., 2010; Giacomin 
et al., 2013) in various aquatic species. Erickson et al. (1996) found that individually 
increasing pH, hardness, DOC, sodium, and suspended solids all decreased Cu toxicity to 
larval fathead minnows (Pimephales promelas).  
An approach known as the biotic ligand model (BLM) was developed to consider 
the influence of site-specific water chemistry on waterborne metals, such as Cu (Niyogi & 
Wood, 2004; Santore et al., 2001; Toro et al., 2001). The BLM predicts Cu toxicity to 
specific species as well as determining Cu species concentrations in water using input 
parameters of water chemistry that include pH, hardness, alkalinity, and DOC. 
Additionally, the BLM considers anion binding to form Cu-complexes that reduce Cu 
bioavailability. Water chemistry and Cu-complexes reduce Cu’s ability to bind to the site 
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of toxic action in biota, the biotic ligand (Paquin et al., 2002). The reduced binding ability 
of Cu occurs when Cu is bound to other materials and when cation present in the water 
compete for binding sites at the biotic ligand. The BLM can then predict Cu-species 
concentrations from dissolved Cu concentration, and estimate the Cu concentration that 
would result in toxic effects within a specified water body (Paquin et al., 2002).  
 
Copper in the environment: Cu mine disasters 
Environmental Cu contamination is often the result of mine waste dumping, both 
intentional and accidental. Over the course of a century, Torch Lake (Michigan, USA) 
received over 200 million tonnes of tailings from the Cu industry with copper sediment 
concentrations now at an average of 1000 mg/kg (Cusack & Mihelcic, 1999). Ellenberger 
et al. (1994) found that yellow perch (Perca flavescens) egg masses reared in Torch Lake 
water had significantly longer hatching duration than those exposed to reference water.  
Sudden and large influxes of Cu into the aquatic environment are relatively 
uncommon but they do occur in the case of mine tailing impoundment breaches. Serious 
failures have been defined as a release of at least 100 000 m3 and/or loss of life while 
Very Serious failures are those that release at least 1 M m3 and/or release distance >20 km 
and/or multiple loss of life (Bowker & Chambers, 2015). The incidence of severe 
impoundment failures seems to be on the rise as nearly 50% of all recorded Serious and 
Very Serious failures (from 1940-2010) have occurred since 1990, 16 out of 33 of which 
were Cu-related breaches (Bowker & Chambers, 2015). The average cost of the Very 
Serious failures since 1990 is $543 million ($2014) per breach (Bowker & Chambers, 
2015). The increase in Serious and Very Serious failures has been attributed to the rising 
number of tailing impoundments that exceed 5 M m3 (Bowker & Chambers, 2015). 
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Larger tailing impoundments have been on the rise due to decreasing ore quality, 
resulting in more waste products per tonne of processed ore (Bowker & Chambers, 2015). 
It is expected that the trend of increasing severe tailing impoundment breaches will 
continue into the coming decades (Bowker & Chambers, 2015). 
Past Cu tailing impoundment breaches have varied in both size and severity. 
Buenavista del Cobre mine located in Sonora, Mexico experienced a Cu tailings 
impoundment breach that released 40 000 m3 of tailings material in 2014 (Aparicio & 
Canales, 2017). While relatively small, the Buenavista del Cobre breach directly affected 
the health of 270 people and four water bodies. In 1998, the Aznalcollar mine in Spain 
experienced a larger tailings impoundment breach that released approximately 6 M m3 of 
water and mud containing high concentrations of metals including Cu into the Agrio and 
Gaudiamar Rivers (Grimalt et al., 1999). In 2015, Mariana, Brazil experienced a massive 
tailings impoundment breach that occurred when the Fundão dam failed and released up 
to 62 M m3 of iron ore tailings that were rich in Cu (Fernandes et al., 2016). The Fundão 
breach resulted in the death of 17 people, the destruction of 158 homes, and polluted 663 
km of river. 
The present study focused on a Very Serious tailings impoundment breach that 
occurred to the Mount Polley Mining Corporation (MPMC) Cu and Au mine located in 
British Columbia, Canada on August 4, 2014 (Figure 1.1). The breach resulted in the 
release of approximately 17 M m3 of water and 8 M m3 of tailings materials into Polley 
Lake, down Hazeltine Creek, and into the West Basin of Quesnel Lake (Petticrew et al., 
2015). Quesnel Lake is a large, oligotrophic, y-shaped lake with three arms; West, North, 
and East. Initial waterborne Cu concentrations in Quesnel Lake’s West Basin were 
5 
 
approximately 100 μg/L following the breach, but by May of 2015 Cu concentrations had 
generally dropped to below 6.6 μg/L (Imperial Metals, 2015). Upon entering  
 
 
Figure 1. 1 Satellite images before (top) and after (bottom) the Mount Polley Mining 
Corporation tailings impoundment breach of August 4, 2014 (images from Google (n.d.)). 
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Quesnel Lake, the solid tailings Cu concentration range was approximately 100 – 700 
mg/kg (SNC-Lavalin, 2014).  
In Quesnel Lake immediately following the breach, there was a large turbidity 
plume of fine-particle sediment (<1 μm) that was over 1000 Formazin Turbitity Units 
(FTU) compared to pre-breach of  <1 FTU in bottom waters (Imperial Metals, 2015; 
Petticrew et al., 2015). By May of 2015 turbidity had dropped to ~2 FTU but still 
remained above pre-breach turbidity readings (Graves et al., 2016). Despite the observed 
decrease in turbidity in the months following the breach Swan et al. (2014) observed that 
a significant proportion of total Cu was associated with the suspended fine particle 
sediment. This colloidal fraction persists in the water column at a depth of over 25 m, as 
evidenced by elevated Cu concentration at that depth relative to pre-breach conditions 
(Swan et al., 2014). Humidity cell and column testing has demonstrated that Cu bound to 
the find-particle sediment has a low potential to be bioavailable to aquatic organisms 
(SRK, 2015). The bound Cu is associated primarily with the silicate minerals and 
insoluble sulphides and when considering the alkaline conditions of Quesnel Lake, there 
is a low potential for Cu dissociation from the sediment as Cu ions. Despite the 
geochemical assessments, preliminary sampling done in the area suggests that Cu is 
bioavailable to organisms in Polley and Quesnel Lake (Azizishirazi and Pyle, 
unpublished). 
 
Climate change and wildfire effects on aquatic organisms 
 Variation in climate has occurred naturally over the course of the planet’s history, 
but the unprecedented acceleration of rising global temperatures threatens to disrupt the 
functioning of natural ecosystems. Alteration in temperature (Webb et al., 2008), 
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increased atmospheric carbon dioxide concentrations (IPCC, 2013), and frequency and 
severity of drought (Gillett et al., 2004; Milly et al., 2005) are all stressors that climate 
change influences. The frequency and severity of wildfire has also increased over time as 
a function of climate change (Abatzoglou & Williams, 2016). Westerling et al. (2006) 
observed earlier spring onset with higher spring and summer temperatures associated with 
increased wildfire since the mid-1980s. The temperature of the planet has increased by 
approximately 0.2°C per decade for the last three decades (Hansen et al., 2010), which 
continues to influence water cycles that can cause drought and subsequent wildfires (Dai, 
2013). Globally, there has been an 18.7% increase in wildfire season length from 1979 – 
2013 (Jolly et al., 2015). The economic cost of wildfire suppression has exceeded $1 
billion dollars annually in Canada over the last decade and is expected to continue to rise 
with increased wildfire frequency (Goldammer, 2015). In 2017 and 2018 British 
Columbia, Canada, experienced the two worst fire seasons on record with 12 161 km2 and 
12 985 km2 burned, respectively (British Columbia Wildfire Services, 2019). A part of 
the burn area of 2017 included the 1918 km2 Elephant Hill wildfire (BC Wildfire Service, 
2017) that burned through the Cariboo region, where the 2014 MPMC tailing 
impoundment breach occurred.  
Despite the negative economic consequences of wildfire, in many ecosystems 
wildfires play an essential role by promoting plant growth and maintaining grazing areas 
(Bowman et al., 2011). The increased inputs of nutrients into the environment following 
wildfire events can promote primary production; however, excessive growth can lead to 
eutrophication, such as massive algae blooms (Ranalli, 2004). Increased nutrient levels, 
particularly P, associated with wildfire have been shown to persist 6 to 7 years post-fire, 
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causing changes in trophic interactions due to the associated large algae blooms (Silins et 
al., 2014, 2009). 
 Along with nutrients such as N and P, wildfires can release many other substances 
into the aquatic environment via runoff, such as ammonia, DOC and pyrogenic polycyclic 
aromatic hydrocarbons (PAHs) (Bladon et al., 2008; McEachern, et al., 2000; Olivella, et 
al., 2006). Increased input of DOC into freshwater environments can be beneficial, as 
DOC is well known to bind with toxicants and reduce toxicant bioavailability to aquatic 
organisms (Besser et al., 2003; Niyogi & Wood, 2004; Richards et al., 2001).  
Pyrogenic PAHs can persist in the environment for extended periods of time 
potentially causing long-term effects (Abdel-Shafy & Mansour, 2016). Pyrogenic PAHs 
are organic compounds composed of two or more benzene rings formed through the 
incomplete combustion of organic material at high temperatures (Wang et al., 1999). 
Pyrogenic PAHs usually contain fewer rings (e.g. anthracene, pyrene, phenanthrene) and 
fewer alkylated substitutions than petrogenic PAHs (Wang et al., 1999). Although, there 
are PAHs that belong to both petrogenic and pyrogenic PAHs. The reduced number of 
rings allow pyrogenic PAHs to dissolve more easily than larger-ringed compounds 
making them more bioavailable to aquatic organisms (Olivella et al., 2006). Daphnia 
magna, Hyalella azteca, and Chironomus riparius exposed to sediment-bound 
fluoranthene yielded Lethal Concentration 50s (LC50s) of 10, 5, and 15 mg/kg dry 
weight, respectively (Verrhiest et al., 2001). Previous work done by Landrum et al. 
(2003) has found LC50 values of 1757 µg/L and 79.1 µg/L for Diporeia spp. exposed to 
naphthalene for 10 days and pyrene for 28 days, respectively.  
Total post-wildfire runoff toxicity is studied with less frequency than the 
individual components that compose the runoff. Work done by Nunes et al. (2017) 
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exposing mosquitofish (Gambusia holbrooki) to wildfire surface runoff observed an 
increase in oxidative stress. Exposing the freshwater clam Corbicula fluminea to aqueous 
extract of ash (AEA) resulted in increased mortality and bioaccumulation of PAHs and 
metals (Silva et al., 2016). Silva et al. (2015) also exposed the alga Pseudokirchneriella 
subcapitata and Lemna minor to AEA that resulted a decrease in cell density and dry 
weight following acute exposure; however, similar deleterious effects were not observed 
for Daphnia magna exposed to AEA. While studying the toxicity of isolated wildfire 
runoff is of great importance, the interaction of wildfire runoff with other potential 
toxicants that are not components of the runoff remains largely unknown.  
Contamination that occurs in natural environments seldomly occurs with just 
individual contaminants, rather, interactions with pre-existing contaminants can 
potentially exacerbate or ameliorate individual effects on freshwater biota. Most pre-
existing regulatory guidelines are based on the risk of individual toxicants, often in 
combination with water quality parameters. However, most real-world exposures are in 
low doses to a range of contaminants (Giesy et al., 2002). Co-toxicity, therefore, is an 
important consideration when attempting to determine ecological risk of contamination 
events, such as the MPMC tailings breach in combination with wildfire runoff. Co-
toxicity is a complex field and has been studied with metals with findings of less than 
predicted toxicity for individual metals (less-than-additive), the same as predicted toxicity 
(additive), and greater than predicted (more-than-additive toxicity) (Norwood et al., 
2003).  
Research done previously in our laboratory has demonstrated more-than-additive 
toxicity between PAHs and Cu. Hyalella azteca were exposed to individual PAHs, which 
can be constituents of wildfire runoff,  phenanthrene (PHE) and phenanthrene quinone 
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(PHQ) in combination with low concentrations of waterborne Cu (Gauthier et al., 2015). 
Amphipods experienced 26.9 ± 1.7% and 73.3 ± 13.3% greater mortality when exposed 
to Cu-PHE and Cu-PHQ mixtures, respectively, than could be explained by the individual 
toxicants alone (Gauthier et al., 2015). Gauthier (2016) also examined 
acetylcholinesterase (AChE) activity in amphipod following exposure to Cu and PHE. 
Acetylcholinesterase is a critical enzyme that regulates the concentration of acetylcholine 
at the synapse by hydrolyzing and inactivating acetylcholine. Exposure to Cu (Brown et 
al., 2004; Frasco et al., 2005; Haverroth et al., 2015) and PAHs (Kang & Fang, 1997; 
Kim et al., 1999) individually has been shown previously to reduce AChE activity in 
aquatic organisms. Gauthier et al. (2016) observed a reduction in AChE activity in H. 
azteca but exposure to Cu was not different from control and did not induce additive toxic 
effects when combined with PHE following a 24 h exposure period. While waterborne Cu 
and single PAHs have been shown to have a more-than-additive effect on toxicity to H. 
azteca, it is not known how a Cu-enriched sediment and wildfire runoff affect toxicity.  
 
Hyalella azteca as an ideal test organism for sediment toxicity studies 
 The freshwater amphipod Hyalella azteca is a standard test animal in 
toxicological studies for both water-only and sediment experimentation (Government of 
Canada, 2012). Hyalella azteca is an epibenthic, sediment-burrowing amphipod that feeds 
mostly on detritus material. The amphipod is distributed over most of North America 
making it an ideal species to preform relevant toxicity tests on. Nebeker et al. (1984) was 
the first to recommend H. azteca for sediment toxicity testing citing their intimate contact 
with sediments, high control survivability, and ease of rearing. The amphipod has been 
extensively used to assess field collected sediment and have provided reliable evidence of 
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adverse biological contamination in sediments (reviewed by the Government of Canada, 
2012). Hyalella azteca are also more sensitive to contamination in sediments relative to 
other freshwater organisms (Kemble et al., 1994; West et al., 1993). 
 
Research Objectives 
The primary objective of this research was to determine if metals, particularly Cu, 
associated with the 2014 MPMC tailings breach are bioavailable to aquatic organisms at 
concentrations sufficient to cause toxicity by using a biotic vector. Given that wildfires 
threaten to alter the exposure environment, a secondary objective was to determine the 
extent to which wildfire runoff exacerbates or ameliorates Cu toxicity. To accomplish 
these objectives, experiments were conducted: (i) to determine if metals were bioavailable 
to laboratory and field amphipods, and if so, if the metals accumulate to concentrations 
sufficient to induce toxicity, (ii) to determine if bioavailable metals are primarily 
waterborne or sediment-bound derived, and (iii) to determine the single and combined 
effects of wildfire runoff and Cu-enriched sediment to H. azteca under controlled 
laboratory conditions. 
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CHAPTER 2. Relative contribution of water or sediment to amphipod toxicity 
associated with a large copper mine tailings impoundment breach in British 
Columbia, Canada  
 
Introduction 
On August 4, 2014 the Mount Polley Mining Corporation (MPMC) copper and 
gold mine located in British Columbia, Canada experienced a large tailings impoundment 
breach. The breach resulted in the release of approximately 25 M m3 of water and solid 
tailings materials into Polley Lake, that then flowed down Hazeltine Creek, and into the 
West Basin of Quesnel Lake (Petticrew et al., 2015) (Figure 2.1). Polley Lake is situated 
alongside the east side of the mine site and is 6.17 km long x 0.65 km wide with a 
maximum depth of 35 m. Quesnel Lake is a large, deep, oligotrophic fjord lake with a 
surface area of 266 km2 and volume of 41.8 km3 (Petticrew et al., 2015). The breach 
raised the water level of Quesnel Lake and Polley Lake by approximately 7.7 cm and 170 
cm, respectively (Golder Associates, 2016). The breach event also deposited material into 
Quesnel Lake creating a deposit approximately 0.6 km wide x 1.2 km long and 1-3 m 
deep at the mouth of Hazeltine Creek (Petticrew et al., 2015). A large turbidity plume of 
fine particle sediments (<1 μm) was also observed in Quesnel and Polley Lake post-
breach (Imperial Metals, 2015; Petticrew et al., 2015). 
The released tailings material was rich in metals and one of the main metals 
associated with the MPMC breach, and of potential concern, is Cu. The concentration of 
waterborne Cu found in the tailings impoundment before the breach was at a maximum of 
64.1 μg/L (SNC-Lavalin, 2014). Copper concentrations found in Quesnel Lake, near the  
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Figure 2. 1. Sampling site locations for the amphipod collection and the sediment and water used 
in the sediment exclusion study in Quesnel Lake, Polley Lake, Bootjack Lake and Little Lake. 
 
mouth of Hazeltine Creek, immediately post-breach were as high as ~100 μg/L; however, 
by May of 2015 waterborne Cu concentrations had generally dropped to below 6.6 μg/L 
(Imperial Metals, 2015). Polley Lake Cu concentrations also decreased substantially by 
2015 with concentrations at approximately 3 μg/L (Golder Associates, 2016).   
The solid tailings material entering the affected lakes may have contributed to the 
initially high concentration of waterborne Cu measured post-breach. The solid tailings 
had a pre-breach average total Cu concentration of 931 mg/kg (SNC-Lavalin, 2014). 
Upon entering Quesnel Lake, concentrations of Cu in the sediment ranged from ~100 - 
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700 mg/kg Cu (Imperial Metals, 2015). Copper was also found to be associated with the 
suspended fine particle sediment (< 1 μm) (Swan et al., 2014). This colloidal fraction 
persists in the water column at a depth of over 25 m, as evidenced by elevated Cu 
concentration at that depth relative to pre-breach conditions (Swan et al., 2014).  
Metal-contaminated water and sediment have been shown to contribute 
differentially contribute to freshwater invertebrate toxicology. Borgmann et al. (1991) 
studied Cd bioaccumulation in H. azteca and found that there was 2-2.6 fold higher Cd 
concentration in the animals exposed to Cd via sediment compared to water. Hyalella 
azteca exposed to sediment-bound Cu and Zn also demonstrated increased 
bioaccumulation compared to waterborne exposures for one-week and four-week 
exposures, respectively (Borgmann & Norwood, 1997). The difference in metal 
bioaccumulation could be due to differences in mode of toxicity or differences in Cu 
speciation between water and sediment.   
The total concentration of Cu in water or sediment is not always a reliable 
indicator of toxicological effects due to differences in bioavailability. When Cu is in the 
aquatic environment, free bivalent and monovalent Cu cations are generally the most 
bioavailable forms to aquatic organisms. An excess of Cu ions can overwhelm an 
organism’s natural Cu homeostasis mechanisms resulting in oxidative damage (Gaetke et 
al., 2014). However, environmental Cu can also bind to organic material and fine 
sediments, reducing ionic Cu bioavailability (ATSDR, 2004). Geochemical assessments 
(humidity cell and column tests) of sediment from the MPMC breach suggest that Cu 
from the breach had a low potential for bioavailability by organisms due to high 
association (approximately 67%) with silicate minerals (SRK, 2015). The remaining 33% 
of Cu was found to be associated with insoluble sulphides, that would have a low 
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potential for leeching due to the neutral or slightly alkaline nature of the tailings material 
and the affected water bodies (SRK, 2015). However, Byrne et al. (2018) demonstrated 
that Cu mobility at Hazeltine Creek in 2015 and 2016 could be occurring due to by 
copper sulphide weathering of streamside tailings material, and chemically through 
reductive dissolution of Cu-bearing Fe oxides. The ability that metals have to be 
dissolved or released from contaminated sediments is an important factor in determining 
bioavailability to biota, but this type of analysis fails to consider how biota themselves 
can affect metal bioavailability. 
 Mechanistically, waterborne Cu accumulation in aquatic organisms has been well 
described using the biotic ligand model (BLM) (Niyogi & Wood, 2004; Paquin et al., 
2002; Santore et al., 2001). The BLM is able to predict toxicity in specific species by 
considering the ability that Cu has to bind at the site of toxic action (the biotic ligand e.g. 
gill) (Paquin et al., 2002). The BLM incorporates the concentrations of metal species with 
competing cations from site-specific ambient water chemistry to predict toxicity and 
subsequentially set short-term and long-term water quality criteria (Paquin et al., 2002). 
Additionally, the BLM can be used to determine the concentration of metal species 
dissolved in water by incorporating ambient water quality parameters (Paquin et al., 
2002). 
This study endeavors to test the bioavailability of metals in the water and 
sediment from the affected lakes using benthic freshwater amphipods. Amphipods 
interact directly with sediments making them an ideal study animal. It has been 
demonstrated that H. azteca have the ability to bioaccumulate Cu from contaminated 
sediment causing a reduction in survival and growth (Borgmann & Norwood, 1997; 
Milani et al., 2003). Additionally, preliminary sampling of amphipods performed in 2016 
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in Quesnel Lake demonstrated that whole-body amphipod Cu concentrations increased 
with decreasing distance from where the tailings material entered the lake, suggesting 
there is bioavailable Cu associated with the breach event (Azizishirazi and Pyle, 
unpublished). 
The objective of this research was to determine if metals, particularly Cu, 
associated with the 2014 MPMC tailings breach, are bioavailable to aquatic organisms at 
concentrations sufficient to cause toxicity. To accomplish this objective: (i) laboratory-
reared H. azteca were used in a sediment exclusion study, using water and sediment 
collected from four sites in Quesnel Lake as well as Polley, Bootjack, and Little Lake. A 
sediment exclusion study was used to determine if there is toxicity associated with the 
MPMC tailings impoundment breach and if so, whether that toxicity is waterborne or 
sediment derived by controlling access that H. azteca have to the sediment. (ii) Water, 
sediment, and amphipods were collected for metal concentration analysis from the same 
seven sites to determine if site metal concentrations corroborated with the above-
mentioned sediment exclusion study. 
 
Materials and Methods 
Study sites 
 The MPMC Cu and Au mine is located approximately 51 km northeast of 
Williams Lake, British Columbia, Canada. The MPMC mine sits between Polley Lake to 
the east and Bootjack Lake to the west (Figure 2.1). Bootjack Lake has a surface area of 
2.68 km2 and average depth of 7.5 m. Bootjack Lake is fed primarily by Morehead Creek 
and water flows out of Bootjack Creek. Polley lake is a eutrophic lake with a surface area 
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of 4.53 km2 and average depth of 18 m. Water from Polley lake flows out of Hazeltine 
Creek into Quesnel Lake. Quesnel Lake is a large, oligotrophic glacial lake with a 
catchment area of 6200 km2, supporting three major basins fed by the Horsefly River near 
the west basin, the Mitchell River in the north basin, and Niagara Creek in the east basin. 
Water from Quesnel Lake flows out to the Quesnel River, that then flows into the Fraser 
River before it reaches the Pacific Ocean. Consequently, both the Quesnel River and 
Quesnel Lake represent important habitat for migratory fish species, such as sockeye 
salmon (Oncorhynchus nerka). Quesnel Lake is the deepest fjord lake in the world, with a 
maximum depth of approximately 610 m in the east basin and an average depth of 157 m. 
It is the fifth deepest lake in British Columbia and the deepest lake in the Cariboo region 
where it resides. 
 Sampling sites were selected based on preliminary sampling for the presence of 
amphipods and site proximity to the tailings breach (Figure 2.1). All sampling sites were 
within the littoral zone in approximately one meter of water. The study site at Polley Lake 
was located at the southern end of the lake by a small campground near the Hazeltine 
Creek discharge where the tailings material flowed out of Polley Lake and into Quesnel 
Lake. The Bootjack Lake site was located at the northern end of the lake represented a 
lake that was affected by regular mining activities owing to its close proximity to the 
Mount Polley mine, but one that did not receive any tailings material from the breach 
event. The Little Lake study site, located on the northern edge of the lake, was unaffected 
by both mine activities and the breach event, so it served as a reference site for the sites 
not located within Quesnel Lake. Within Quesnel Lake four sites were chosen at varying 
radial distances from where the tailings material entered the lake. The nearfield site, Raft 
Creek, was in the West Basin of Quesnel Lake immediately adjacent (~0.8 km) to where 
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the tailings material discharged into Quesnel Lake and represented the most contaminated 
site. The Cedar Point site was located near a recreation area in the West Basin of Quesnel 
Lake, close to the outflow of Quesnel Lake into the Quesnel River. The Cedar Point site 
was approximately 9.1 km from the mouth of Hazeltine Creek, where tailings material 
discharged into Quesnel Lake. The Horsefly Bay site was located near the mouth of the 
Horsefly River, which drains a metal-rich, actively mined watershed immediately north of 
Quesnel Lake. It is located within an inlet approximately 11.9 km from where the tailings 
were discharged into Quesnel Lake, and is considered to be outside of the West Basin. 
Shoal’s Bay was located outside of the West Basin in the main channel of the lake. It was 
approximately 25.3 km from the Hazeltine discharge point and considered to be an in-
lake reference site. Preliminary sampling of water and sediment at Shoal’s Bay indicated 
that it remained relatively unaffected by the tailings discharge into the west basin of 
Quesnel Lake.  The most affected study site from the breach was Raft Creek, followed by 
Cedar Point, then Horsefly Bay, and Shoal Bay (Figure 2.1). 
 
Hyalella azteca culturing method 
Amphipods were acquired from Environment and Climate Change Canada, 
Pacific and Yukon Laboratory for Environmental Testing (PYLET) in April of 2017. 
Amphipods were cultured at the Alberta Water and Environmental Science Building at 
the University of Lethbridge in standard artificial medium (SAM; Borgmann, 1996), in 40 
L tanks with 30 L of culture water. Water was kept at 23°C and was constantly aerated. 
The culture was held at a 16:8 h light/dark photoperiod using full spectrum fluorescent 
lights at 645 lux. Cotton gauze cut into 3x3 cm squares were used as an artificial habitat 
substrate in each tank. Eighty percent water changes were conducted weekly on the tanks. 
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Each culture tank had 120 mg of ground Tetramin® Tropical fish flake food (Tetra US; 
#77101) added three times a week to maintain culture size. Any uneaten food was 
removed the next day. Prior to the start of the test, juveniles were removed from the tanks 
using a filter stack of 600 μm (adults) and 215 μm mesh (juveniles).  
 
Sediment Exclusion 
Water and sediment were collected from each sampling site mentioned above in 
2018 from May 31 – June 5. Water was collected under the water’s surface in acid-
washed plastic buckets, triple rinsed with site water. Lids were attached to sample buckets 
underwater to exclude surface debris. Before collecting water samples, any disturbed 
sediments were allowed to settle before a sample was collected. Sediment was collected 
by pushing an acid-washed bottomed-out bucket into the sediment and then removing the 
overlying water and collecting the sediment. Water and sediment were used in the 
sediment exclusion experiment within two weeks post-collection.  
A sediment exclusion experiment was designed to determine the relative 
contribution between overlying water or sediment as a potential source of toxicity to 
laboratory reared H. azteca. The fourteen-day experiment was performed following 
Canadian Environmental Protection Service Biological Test Method protocols with some 
adjustments (Government of Canada, 2012). Laboratory-reared H. azteca of mixed age 
(50% juvenile, 50% adult) were randomly exposed to sediment and water collected from 
the seven sites described above. Each site had two treatments where test animals either 
had access to sediment or did not have access to sediment. Sediment exclusion treatments 
had a 0.45 μm filter barrier that allowed H. azteca to interact only with potential 
contaminants that were dissolved in the overlying water. Sediment-access treatments had 
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a 250 μm mesh barrier that allowed interaction with site sediments while preventing test 
animals from burrowing into the substrate, potentially making them unrecoverable at the 
end of the test. Both laboratory controls were composed of culture water and sand, with 
one control having the 0.45 μm barrier while the other having the 250 μm barrier. The 
mesh barriers were fixed to one end of a 7.62 cm glass tube with aquarium-grade silicon 
that was then placed in a 300 mL beaker containing 50 mL of sediment and 200 mL of 
test water (Figure 2.2) (Government of Canada, 2012). All test vessels were randomly 
placed in water baths and each vessel received 12 randomly selected animals, added two 
animals at a time. Replicates were kept at 23±1°C, aerated continuously, and with a 
photoperiod of 16:8 hour light: dark at 500 lux (Government of Canada, 2012). Every 
replicate was fed ad libitum with Tetramin® tropical fish food flakes a total of six times 
on non-consecutive days over the duration of the exposure. After the exposure, animals 
were transferred to clean culture water to depurate for 24 h. Animals were then rinsed in a 
50 μM ethylenediaminetetraacetic acid (EDTA) solution for one minute to remove 
surface-bound metals from the amphipods’ carapace (Norwood et al., 2007). Immediately 
following EDTA rinsing, animals were dried until constant weight was achieved. Average 
weight per animal was determined by weighing all surviving amphipods from a replicate 
and dividing by the number of surviving animals in the replicate.  
 
Whole-body amphipod Cu concentration analysis 
The concentration of Cu present in the whole-body of H. azteca from the sediment 
exclusion study was measured since Cu was identified as a major contaminant of concern 
following the MPMC breach of 2014. Amphipod-Cu concentration of whole-body H. 
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Figure 2. 2. Test vessel used in the sediment exclusion study. Hyalella azteca were contained in a 
glass tube with a barrier of either 0.45 μm or 250 μm mesh to exclude access or allow access to 
the sediment, respectively. 
 
azteca was determined using a graphite furnace atomic absorption spectrophotometer 
(GF-AAS, Agilent Technologies, USA). Dried amphipod replicates were randomly 
combined in duplicate in order to obtain sufficient tissue quantities for testing. Samples 
were prepared following methods described by Lindh et al. (2019) with some 
adjustments. Animals were digested in concentrated nitric acid (trace metal grade; Fisher 
Scientific; Canada) at a 1:10 ratio (tissue mass (mg): acid (μL)) for 3 h at 80°C. Acid-
only blanks were digested in triplicate alongside the tissue to confirm that no Cu 
contamination took place during the digestion procedure. Certified reference material was 
also digested simultaneously (DOLT-4 dogfish liver; National Research Council Canada). 
Following digestion, samples were cooled to room temperature and diluted at a ratio of 
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1:2 (initial tissue mass (mg): Millipore water (mL)). Supernatant was then pipetted off 
and used for Cu analysis.  
 The GF-AAS analysis was performed as previously described by Lindh et al. 
(2019). Samples were run on an Agilent 240 FS atomic absorption spectrometer with a 
GTA 120 graphite tube atomizer and a Cu hollow cathode lamp (Agilent Technologies: 
catalog no. 5610101400). Machine specifications during runs were as follows: 
wavelength 324.8 nm, slit width 0.5 nm, and a step was added to the burn profile (step 9, 
temperature 2300°C, time 4.0 s, flow 0.3 L/min) to reduce previous sample carryover. 
Otherwise, the GF-AAS was run according to the manufacturer specifications. Samples 
were diluted as necessary with Millipore water to fall within the calibration range. 
Certified reference material, SLRS-6 (National Research Council Canada), was run 
approximately every 10 samples to ensure the accuracy of the analysis (mean percentage 
of recovery 94.2%) along with a blank (mean blank 0.65 µg/L). Approximately every 20 
samples, analytical duplicates were run to ensure analytical consistency (mean difference 
2.4%). Measured Cu concentrations were adjusted by weight of the amphipod, dilution, 
and by blank concentration. 
 
Sediment exclusion water quality 
Water quality measurements were taken on day 0, day 7, and at the end of the 
experiment on day 14 (Table 2.1). Temperature and DO were monitored every other day. 
Dissolved oxygen and temperature were measured via a YSI Pro20 Instrument (YSI, 
USA) dissolved oxygen probe (model# PRO 20). A Traceable conductivity meter (VWR, 
Canada) was used to measure conductivity. The pH was analyzed using a pH meter  
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Table 2. 1. Water quality for H. azteca exposed to a sediment exclusion experiment (B in sample 
title indicates no sediment access) using water and sediment collected from Little, Bootjack, 
Polley, and Quesnel Lake (±SD)a. 
a The data for pH, alkalinity, hardness, and conductivity had n=3, temperature and dissolved 
oxygen (DO) values had n=7, dissolved organic carbon (DOC) had n=1. 
bpH water quality reported as median (range) 
 
(Accumet™ Excel XL15 pH meter; Fisher Scientific, Canada). Alkalinity and hardness 
were measured using the titration method described by the American Public Health 
Association (APHA, 1989). Water samples for DOC were filtered and stored at -20°C and 
analyzed by the Aquatic Toxicology Research Centre Environmental Laboratory at 
Lakehead University (Thunder Bay, Ontario). 
 
Metal concentration analysis of field collection of water, sediment, and amphipods 
Water, sediment, and amphipods were collected from the seven sites within and 
from around Quesnel Lake from May 31 – June 5, 2018. All equipment was triple rinsed 
with site water before being used to collect samples. Water samples were collected on site 
Sample Temp 
(°C) 
DO 
(% O2) 
pHb Alkalinity 
(mg/L as 
CaCO3) 
Hardness 
(mg/L as 
CaCO3) 
Conductivity 
(μS/cm) 
DOC 
(mg/L) 
Lab Control 22.5±0.5 89.9±0.7 8.0 (8.0-8.1) 109±14 163±5 540±16 0.6 
Lab Control-B 23.2±0.7 90.8±3.6 8.0 (8.0-8.1) 111±16 160±8 460±53 0.4 
Little Lake 23.2±0.6 90.2±3.5 8.2 (8.2-8.3) 75±20 125±13 430±171 7.8 
Little Lake-B 23.3±0.5 91.2±2.5 8.2 (8.2-8.2) 77±18 121±10 420±163 7.5 
Bootjack Lake 22.5±0.5 87.9±5.6 8.0 (7.8-8.1) 85±17 116±30 169±64 6.4 
Bootjack Lake-B 23.0±0.7 85.7±6.0 7.8 (7.8-7.8) 100±2 114±27 168±64 6.2 
Polley Lake 22.3±0.3 87.9±5.6 8.1 (8.1-8.1) 96±3 140±16 244±28 6.3 
Polley Lake-B 23.0±0.3 92.8±3.6 8.1 (8.1-8.2) 98±4 142±18 244±29 5.9 
Shoals Bay 22.4±0.3 96.1±2.5 7.8 (7.8-7.9) 47±6 85±9 122±21 2.4 
Shoals Bay-B 23.0±0.8 88.7±4.0 7.8 (7.8-7.9) 50±8 84±11 132±30 2.1 
Horsefly Bay 22.9±0.2 90.8±3.6 7.8 (7.8-7.9) 93±10 74±33 177±92 4.5 
Horsefly Bay-B 23.5±0.3 92.5±5.2 7.9 (7.8-7.9) 98±5 73±33 186±100 4.3 
Cedar Point 22.5±0.5 87.6±3.5 8.1 (8.1-8.1) 68±19 91±19 131±11 2.8 
Cedar Point-B 23.0±0.7 87.7±3.7 8.1 (8.0-8.1) 63±12 91±18 138±16 2.4 
Raft Creek 22.8±0.8 92.0±1.9 8.1 (8.1-8.1) 59±9 105±10 181±57 1.7 
Raft Creek-B 23.0±0.8 93.4±2.1 8.1 (8.1-8.1) 61±11 103±7 196±71 1.6 
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in triplicate and filtered through 0.45 μm filters. The water samples were preserved with 
nitric acid to 5% (trace metal grade; Fisher Scientific; Canada). Sediment samples were 
also collected in triplicate and were preserved by freezing at -20°C. Amphipods were 
collected from the littoral zone at each sampling site in water no greater than one meter 
deep using sweep nets. Collected animals were placed into acid washed Nalgene bottles 
that were filled with site water and aerated. Upon return to the laboratory, amphipods 
were randomly separated into six evenly numbered replicates and euthanized with 70% 
ethanol. Replicates from a single site had the same number of animals but between sites 
numbers varied based on animal abundance (ranged from 372-780 animals per site). 
Amphipod replicates were placed into individual glass vials and dried until constant 
weight was achieved.  
Collected water, sediment, and amphipods samples were sent to the Aquatic 
Toxicology Research Centre Environmental Laboratory at Lakehead University for metal 
analysis using inductively coupled plasma mass spectrometry (ICP-MS) for water or 
inductively coupled plasma atomic emission spectroscopy (ICP-AES) for sediment and 
amphipods. The dried amphipods and sediment samples were digested in a 3:1 ratio of 
HNO3: HCl nitric acid in closed Teflon vessels using microwave-assisted acid digestion 
using Mars Xpress (US EPA, 2007). Water samples were digested similarly but just used 
HNO3. Following digestion, the amphipod samples were diluted to 25 mL and the 
sediment and water samples were diluted to 40 mL, with deionized water. Supernatant 
from the water, sediment, and amphipod digest were analyzed. The original ICP-MS and 
ICP-AES results measured the concentration of 14 metals for water, 29 metals for 
sediment, and 14 metals for field-collected amphipods.  
25 
 
Analysis of water was carried out on an Elan DRC-e device (PerkinElmer SCIEX; 
USA). A 1 ppb quality control was run to gauge the accuracy of the analysis (mean 
recovery 94.2%). Analytical duplicates were run to ensure consistent machine 
measurements (mean difference 0.6%). Analysis of sediment and whole-body amphipods 
was carried out on a Varian Vista Pro ICP-OES device (Varian, Inc., USA). A 1 ppb 
quality control was run for machine accuracy (mean recovery for sediment and 
amphipods 92.1% and 89.8%, respectively). Analytical duplicates were run for sediment 
and amphipods with a mean difference of 2.9% and 4.9%, respectively. 
Site water quality (dissolved oxygen (DO), temperature, conductivity, and pH) 
was measured on-site with a Professional Plus Multiparameter Instrument (YSI, USA) 
(Table 2.2). Water samples were collected in falcon tubes and taken back to the 
laboratory to measure water hardness and alkalinity using the titration method described 
by the American Public Health Association (Table 2.2) (APHA, 1989). The DOC samples 
were filtered and frozen at -20°C and analyzed by the Aquatic Toxicology Research 
Centre Environmental Laboratory at Lakehead University. 
Statistical Analysis 
For the sediment exclusion study, survival, weight, and amphipod-Cu 
concentrations were analyzed via two-way analysis of variance (ANOVA) to determine 
the response H. azteca have to exposure to site water and sediment, depending on 
sediment access. A post-hoc Tukey’s test was used to determine differences if the two-
way ANOVA resulted in significant differences. Further, correlations were determined 
between H. azteca whole-body Cu concentrations and survival or weight. 
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Table 2. 2. Water quality (±SD) for sampling sites in Little, Bootjack, Polley, and Quesnel Lakea  
aData for temperature, dissolved oxygen (DO), pH, and conductivity had n=1, because 
measurements were taken in situ at the time of sampling. Alkalinity, hardness, and dissolved 
organic carbon (DOC) had n=3. 
 
A principle component analyses (PCA) ordination was performed on the ICP-MS 
and ICP-AES datasets. The PCA assisted with visualizing the variability of metal 
concentrations among sites. Metals/metalloid removed because they were below detection 
limits from the water dataset were Cd, Co, and Se, sediment had Ar, Cd, Mo, Pb, Sb, Se, 
Sn, and Tl removed, and amphipods had Ar, Ni, Se, and V removed. For sites within 
Quesnel Lake, Pearson correlations were used to detect associations between individual 
metals that were measured in both the water and sediment in relation to whole-body 
amphipod metal concentrations. The metals that Pearson correlations were performed on 
were Al, Ca, Cr, Cu, Fe, Mg, Na, and Zn.  
For water, sediment, and amphipods collected from Quesnel, Little, Polley, and 
Bootjack Lake, a one-way ANOVA was used to compare Cu concentrations among sites 
followed by a post-hoc Tukey’s test if significant differences were found. All the 
Sample Temp 
(°C) 
DO 
(% 
O2) 
pH Alkalinity 
(mg/L as 
CaCO3) 
Hardness 
(mg/L as 
CaCO3) 
Conductivity 
(μS/cm) 
DOC 
(mg/L) 
Little Lake 15.5 97.0 7.36 104±3.1 123±2.1 212.6 7.2±0.1 
Bootjack 
Lake 
13.1 88.2 7.75 43±1.5 87±2.5 87.0 6.1±0.1 
Polley Lake 13.7 97.3 7.86 96±2.0 158±3.1 238.3 5.3±1.0 
Shoals Bay 9.6 98.2 7.74 51±2.5 89±2.4 78.9 2.0±0.1 
Horsefly Bay 11.0 84.9 7.72 100±7.8 44±2.0 62.1 4.2±0.1 
Cedar Point 9.3 98.7 7.79 54±1.5 78±2.5 94.5 2.5±0.1 
Raft Creek 7.0 96.2 7.89 51±2.1 104±2.5 83.9 2.0±0.4 
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statistical analyses were performed using R, version 3.2.5 (R Core Team, 2018). Mean 
differences in all tests were considered to be statistically significant when p ≤ 0.05. 
 
Results 
Sediment exclusion  
 Hyalella azteca survived the entire 14-d exposure in control treatments and 
showed no significant mortality (Figure 2.3A). However, animals that were allowed 
access to Polley Lake sediment experienced a reduction in survival of 12.5% compared to 
controls (F7,80=3.35, p=0.003. Animals exposed to Raft Creek sediment, regardless of 
sediment-access or not, experienced 15.3% and 12.5% higher mortality than controls. It 
was found that amphipod growth was not affected by ability to access to the sediment 
(F2,80=0.72, p=0.65). Growth was affected by site but only between sites in Quesnel Lake 
(Horsefly Bay, Cedar Point, and Raft Creek) in comparison to Little Lake, the outside 
Quesnel Lake reference site (F7,80=5.46, p=0.02) (Figure 2.3B). Amphipod whole-body 
Cu concentration was also unaffected by access to the sediment (F2,32=1.09, p=0.39) but 
was affected by which site the water and sediment was collected from (F7,32=7.75, 
p=0.009) (Figure 2.3C). Animals that were exposed to water and sediment from Bootjack 
and Polley Lake had increased Cu accumulation compared to laboratory controls but not 
to the reference site Little Lake. Within Quesnel Lake, there is increasing Cu 
accumulation with decreasing distance from where the tailing material from the 2014 
MPMC tailing impoundment breach entered the lake. Animals exposed to Raft Creek 
water and sediment experienced some of the highest Cu bioaccumulation which correlates 
with the reduction in survival observed in the present study. A similarly high Cu 
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Figure 2. 3. Mean (A) survival, (B) growth, and (C) whole-body Cu concentration ± SE for H. 
azteca exposed in a sediment exclusion experiment with water and sediment collected from Little, 
Bootjack, Polley and Quesnel Lake in relation to distance (Dist.) from the MPMC mine. 
Uppercase letters, asterisks, lowercase letters, and roman numerals denote significant differences 
among sites, exclusion within site, sediment access, and sediment excluded treatments, 
respectively (p ≤ 0.05). Survival and growth n=8, H. azteca-Cu concentration, n=4.  
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accumulation was not observed in amphipods exposed to Polley Lake sediment to account 
for the reduction in survival. Oppositely, Cedar Point H. azteca had high Cu 
bioaccumulation but no accompanying effect on survival. The correlation between whole-
body Cu concentration and survival was weakly negative (R=-0.57, p=0.02) as was 
whole-body Cu and weight (R=-0.48, p=0.06). 
 
Site water, sediment, and amphipod ICP-MS and ICP-AES analysis 
Average water, sediment, and whole-body amphipod metal concentrations are 
shown in Table 2.3, Table 2.5, and Table 2.6, respectively. The only water-metal found to 
be above British Columbia Ministry of the Environment BCENV approved and working 
water quality guidelines (BCMOE, 2017, 2018) (for metals that have guidelines) was Al 
in Polley Lake, Horsefly Bay, and Raft Creek (Table 2.4). Sediment-metals found in the 
study sites above BCENV working sediment quality guidelines (BCMOE, 2017) (for 
metals that have guidelines) were; Cu in Bootjack Lake, Polley Lake, and Raft Creek, Mn 
in Polley Lake and Raft Creek, and Ni in Bootjack Lake, Cedar Point and Raft Creek. 
Since a PCA was used on the total metal concentrations for water, sediment, and 
whole-body amphipods, a scree analysis was performed to determine the principle 
components that contained the most information. It was found that only the first three 
components contained significant information on metal concentration with total 
variability explained of 95.5% for water (Table 2.7), 91.6% for sediment (Table 2.8), and 
95.7% (Table 2.9) for whole-body amphipod Cu-concentrations. For water, the ordination 
in the planes of PC1 and PC2 resulted in distinct clusters of sites (Figure 2.4). One cluster 
included Cedar Point and Raft Creek (i.e. near-field of the directly affected area in  
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Table 2. 3. Total metal concentration in water samples (n=3) collected from Little, Polley, 
Bootjack and Quesnel Lake. 
Note: BCENV guidelines were from the approved and working guidelines (BCMOE, 2017, 
2018), ND = not detected 
*Guideline values calculated using the range of hardness found at the sample sites. See Table 2.4 
for exact values 
 
Table 2. 4. Exact BCEVN guidelines concentrations for metals adjusted to site specific water 
hardness* 
 
 
 
 
                                  
*Water hardness taken from Table 2.2 
 
Sample Site 
 
Al 
(mg/L) 
As 
(µg/L)  
Ca 
(mg/L) 
Cr 
(µg/L)  
Cu 
(µg/L) 
Fe 
(mg/L) 
Mg 
(mg/L) 
Na 
(mg/L) 
Ni 
(µg/L) 
V 
(µg/L) 
Zn 
(µg/L) 
Detection Limit  0.03 0.06 0.01 0.16 0.22 0.01 0.01 0.05 0.20 0.20 0.25 
Little Lake Mean ND 0.35 30.53 0.78 1.19 ND 5.31 11.21 0.35 1.23 1.74 
 
SEM - 0.02 0.32 0.01 0.05 0.00 0.01 0.04 0.08 0.08 0.09 
Bootjack Lake Mean ND 0.30 14.23 0.22 1.64 0.02 2.49 2.56 0.47 0.45 2.43 
 
SEM - 0.01 0.07 0.00 0.06 0.00 0.02 0.08 0.01 0.03 0.71 
Polley Lake Mean 0.07 0.69 40.29 0.42 3.53 0.01 5.54 8.98 0.46 1.54 3.07 
 
SEM 0.01 0.02 0.32 0.03 0.02 0.00 0.03 0.18 0.05 0.02 0.63 
Quesnel Lake 
         
 
 
 
Shoals Bay Mean ND 0.09 16.39 0.18 0.53 0.01 2.03 1.15 0.64 0.34 1.12 
 
SEM - 0.01 0.61 0.01 0.04 0.00 0.14 0.42 0.05 0.01 0.24 
Horsefly Bay Mean 0.16 0.27 12.37 0.25 6.10 0.05 1.86 1.93 1.02 0.58 5.05 
 
SEM 0.12 0.04 0.94 0.05 1.20 0.01 0.05 1.53 0.27 0.12 4.91 
Cedar Point Mean ND 0.39 20.68 0.30 0.84 0.01 2.45 1.15 0.61 0.52 1.43 
 
SEM - 0.04 0.08 0.05 0.08 0.00 0.01 0.07 0.07 0.03 0.05 
Raft Creek Mean 0.09 0.12 19.41 0.24 0.99 0.01 2.25 1.61 0.63 0.51 2.59 
 
SEM 0.05 0.01 0.14 0.02 0.07 0.00 0.02 0.39 0.03 0.01 0.70 
BCENV guideline  0.05 5.00 - - ≤2-4.9* 0.35 - - 25-
135* 
- 7.5-58* 
Sample Site  Cu 
(µg/L) 
Ni 
(µg/L) 
Zn 
(µg/L) 
Little Lake  4.92 112 10.0 
Bootjack Lake  3.48 85.9 7.5 
Polley Lake  6.32 135 58.5 
Quesnel Lake  
 
  
Shoals Bay  3.56 87.5 7.5 
Horsefly Bay  1.76 25.0 7.5 
Cedar Point  3.12 79.1 7.5 
Raft Creek  4.16 98.5 18.0 
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Table 2. 5. Total metal concentrations (mg/kg) in sediment (n=3) collected from Little, Polley, 
Bootjack and Quesnel Lake. 
Note: BCENV guidelines were taken from both the approved and working guidelines, ND = not 
detected 
 
Sample site  Al Ba Be Ca Co Cr Cu Fe K Mg Mn 
Detection Limit  0.03 0.10 0.04 0.06 0.20 0.03 0.05 0.05 1.0 0.20 0.05 
Little Lake Mean 7583 22.9 0.17 6340 6.92 11.09 24.67 11569 310.4 5813 279.3 
 SEM 300 0.7 0.00 307.3 0.10 0.76 0.65 467 9.6 107.1 10.9 
Bootjack Lake Mean 6049 55.7 0.14 3679 9.86 53.10 51.97 14888 309.5 13161 299.6 
 SEM 348 3.4 0.01 209.3 0.58 9.85 0.82 345 19.8 1559 4.8 
Polley Lake Mean 18059 40.3 0.25 7683 11.23 11.20 38.55 19543 318.3 9088 473.1 
 SEM 528 10.2 0.01 159.2 0.29 1.08 1.54 1133 11.0 504.9 20.0 
Quesnel Lake             
Shoals Bay Mean 2227 8.5 0.05 659.3 1.91 3.80 2.68 6089 302.6 1472 44.6 
 SEM 161 0.6 0.01 79.06 0.02 0.32 0.32 278 9.7 21.3 1.0 
Horsefly Bay Mean 5906 18.0 0.13 16187 6.28 17.49 22.34 12567 467.7 3410 174.2 
 SEM 350 1.5 0.01 774.9 0.37 1.23 2.12 523 39.8 21.4 5.1 
Cedar Point Mean 7155 11.9 0.10 14012 7.69 20.98 25.02 15724 215.7 6537 230.7 
 SEM 176 0.6 0.00 342.8 0.22 0.84 2.95 652 3.1 191.1 6.7 
Raft Creek Mean 1762 79.9 0.24 16151 11.56 13.83 42.68 19239 854.3 9248 469.7 
 SEM 942 2.3 0.01 681.6 0.43 0.90 0.75 1453 85.2 434.4 29.9 
BCEVN guideline  - - - - - 37.30 35.70 21200 - - 460 
Sample site  Na Ni P Pb S Si Sr Ti V Zn  
Detection Limit  0.20 0.2 1.0 1.0 1.0 2.0 0.20 2.0 0.40 0.03  
Little Lake Mean 1474 10.7 793.6 ND 94.9 628.4 45.5 140.0 26.7 32.39  
 SEM 92 0.7 15.37 - 1.5 32.0 4.3 11.67 0.9 1.16  
Bootjack Lake Mean 1205 82.4 585.5 14.5 139.4 547.2 35.4 192.5 23.0 35.91  
 SEM 53 12.3 9.89 6.07 18.1 53.0 1.9 11.75 1.0 0.55  
Polley Lake Mean 6635 9.7 1448 7.69 126.9 703.2 60.7 292.5 46.4 41.19  
 SEM 446 0.4 87.22 2.56 7.5 15.4 13.2 25.6 0.7 2.40  
Quesnel Lake             
Shoals Bay Mean 1066 6.74 259.9 ND 13.6 256.8 3.8 80.4 4.1 11.71  
 SEM 39 0.73 32.29 - 1.7 12.3 0.6 1.6 0.2 0.64  
Horsefly Bay Mean 1003 13.4 279.6 ND 144.3 581.1 75.8 236.6 22.7 21.93  
 SEM 97 0.9 12.9 - 42.1 12.8 4.1 5.6 0.6 1.03  
Cedar Point Mean 858 18.8 512.4 7.20 107.7 726.6 74.3 187.7 31.9 32.91  
 SEM 7 0.9 62.9 2.40 21.6 32.4 4.1 9.0 1.5 1.79  
Raft Creek Mean 1495 18.8 1049. ND 150.1 794.2 132.1 301.2 44.4 36.11  
 SEM 112 1.1 27.28 - 27.1 6.7 7.3 6.1 1.2 1.70  
BCENV guideline  - 16.0 - 35.0 - - - - - 123.00  
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Table 2. 6. Total metal concentrations (mg/kg) in whole-body amphipods (n=6) collected from 
Little, Polley, Bootjack and Quesnel Lake. 
Sample site  Al Ca Cd Co Cr Cu Fe Mg Na Zn 
Detection Limit  1.50 0.50 0.75 0.50 0.80 0.10 0.25 0.50 1.00 0.20 
Little Lake Mean 391.2 86864 ND ND 0.80 61.31 900.9 1725 4562 66.7 
 SEM 70.2 1896 - - 0.00 1.01 200.0 44.6 227 2.8 
Bootjack Lake Mean 241.5 86335 ND ND 3.49 77.78 467.6 1643 6051 70.3 
 SEM 50.2 1846 - - 2.43 2.50 109.4 32.4 325 4.53 
Polley Lake Mean 393.7 86050 ND ND 0.93 69.72 997.3 1505 5185 62.3 
 SEM 81.1 3135 - - 0.13 2.65 181.5 21.9 516 0.49 
Quesnel Lake            
Shoals Bay Mean 117.5 80740 ND ND ND 57.56 523.9 1208 4618 64.3 
 SEM 29.5 2163 - - - 1.53 202.2 33.8 340 1.59 
Horsefly Bay Mean 291.7 85296 ND ND ND 64.45 568.1 1502 4942 67.6 
 SEM 41.2 1645 - - - 1.13 64.8 29.9 354 1.45 
Cedar Point Mean 419.3 77434 1.06 0.73 1.93 71.19 831.7 1433 4396 65.6 
 SEM 137.9 2606 0.07 0.23 0.51 1.40 266.2 82.0 397 0.52 
Raft Creek Mean 435.2 84366 ND ND 1.17 80.03 562.1 1519 5181 63.7 
 SEM 131.9 1798 - - 0.37 1.52 189.8 52.5 466 1.01 
Note: ND = not detected 
 
Quesnel Lake), Shoals Bay (i.e. Quesnel Lake reference) and Bootjack Lake (near-mine 
site). Another cluster included Little Lake (i.e. Polley and Bootjack Lake reference) and 
Polley Lake (i.e. directly affected). Horsefly Bay (i.e. far-field site in Quesnel Lake) was 
on its own. Magnesium had the highest positive eigenvalue loading on PC1, whereas Ni 
had the highest negative loading (Table 2.7). On PC2, the highest negative loading was 
for Cu and there were no positive loadings. Chromium had the highest loading on PC3, 
whereas As had the highest negative loading. 
The clustering of sites along the planes of PC1 and PC2 for water-metal 
concentrations can be attributed to certain metals. The metals that account for the most 
variability along the plane of PC1 are Ca and Mg (correlation of 0.90 and 0.94, 
respectively) which agrees with the hardness measured at each site. Little Lake and Polley 
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Table 2. 7. Results of principle component analysis on the concentration of metals in water from 
Quesnel, Polley, Bootjack, and Little Lake. 
Water PC1 PC2 PC3 
Variance explained (%) 54.0 35.4 6.0 
Cumulative explained variance (%) 54.0 89.4 95.5     
Eigenvectors 
   
Al -0.220 -0.401 0.052 
As 0.263 -0.266 -0.590 
Ca 0.367 -0.152 -0.262 
Cr 0.325 -0.122 0.644 
Cu -0.133 -0.472 -0.068 
Fe -0.272 -0.352 0.224 
Mg 0.385 -0.172 0.040 
Na 0.360 -0.195 0.323 
Ni -0.358 -0.202 0.017 
V 0.337 -0.283 -0.064 
Zn -0.177 -0.442 -0.010 
Note. Principle components shown were selected based on scree 
analysis. Boldface values represent the highest and lowest 
loadings for each component. 
 
Lake have the highest hardness values (Table 2.2) and are clustered together in the 
positive PC1 direction while Horsefly has the lowest hardness and is in the negative 
direction of PC1. It is most likely that hardness accounts for the clustering of sites on 
PC1. The clustering on PC2 is the most influenced by Cu and Zn (correlation of 0.93 and 
0.87, respectively) but the sites do not seem to cluster strongly according to these metals. 
The lack of strong Cu and Zn clustering on PC2 is most likely due to the low total 
variance explained by PC2 of 17.2% giving PC2 less influence on clustering patterns than 
PC1. 
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Table 2. 8. Results of principle component analysis on the concentration of metals in sediment 
from Quesnel, Polley, Bootjack, and Little Lake. 
Sediment PC1 PC2 PC3 
Variance explained (%) 62.6 17.2 11.6 
Cumulative explained variance (%) 62.6 79.9 91.6     
Eigenvectors 
   
Al 0.254 0.185 -0.135 
Ba 0.225 -0.129 0.089 
Be 0.260 0.107 -0.125 
Ca 0.142 0.222 0.448 
Co 0.278 -0.090 -0.028 
Cr 0.065 -0.508 0.116 
Cu 0.240 -0.282 0.008 
Fe 0.274 0.008 -0.010 
K 0.147 0.164 0.343 
Mg 0.212 -0.344 -0.081 
Mn 0.274 0.026 -0.128 
Na 0.140 0.135 -0.498 
Ni 0.053 -0.523 0.068 
P 0.229 0.115 -0.345 
S 0.236 -0.102 0.237 
Si 0.248 0.090 0.126 
Sr 0.215 0.187 0.353 
Tl 0.258 0.101 0.088 
V 0.268 0.128 -0.058 
Zn 0.254 -0.111 -0.152 
Note. Principle components shown were selected based on scree 
analysis. Boldface values represent the highest and lowest 
loadings for each component. 
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Table 2. 9. Results of principle component analysis on the concentration of metals in whole-body 
amphipods collected from Quesnel, Polley, Bootjack, and Little Lake. 
Amphipods PC1 PC2 PC3 
Variance explained (%) 37.2 26.3 6.6 
Cumulative explained variance (%) 37.2 63.5 95.7     
Eigenvectors 
   
Al -0.125 -0.286 0.544 
Ca 0.419 0.153 0.345 
Cd -0.383 -0.401 -0.078 
Co -0.381 -0.403 -0.095 
Cr 0.233 -0.473 -0.245 
Cu 0.191 -0.445 0.099 
Fe -0.250 -0.016 0.508 
Mg 0.273 -0.237 0.425 
Na 0.456 -0.174 -0.055 
Zn 0.284 -0.251 -0.242 
Note. Principle components shown were selected based on scree analysis. 
Boldface values represent the highest and lowest loadings for each 
component. 
 
For sediment, the ordination in the planes of PC1 and PC2 resulted in two distinct 
clusters (Figure 2.5). Polley Lake and Raft Creek (i.e. near-field and directly affected 
sites) clustered together. Little Lake (i.e. Polley and Bootjack Lake reference), Horsefly  
Bay (i.e. far-field site in Quesnel Lake) and Cedar Point (i.e. near-field site in Quesnel 
Lake) resulted in a second cluster. Bootjack Lake was on its own as well as Shoals Bay. 
Iron and Co had the highest positive eigenvalues loading on PC1 and there were no 
negative loadings (Table 3.5). On PC2, the highest negative loading was for Ni whereas 
the highest positive loading was for Ca. Ca had the highest loading on PC3, whereas Na 
had the highest negative loading. Site clustering along the planes of PC1 and PC2 for 
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Figure 2. 4. Principle component analysis (PCA) ordination plot of water-metal concentrations in 
the plane of PC1 and PC2. Each label represents a study site in Polley, Little, Bootjack, or 
Quesnel Lake (Raft Creek, Cedar Point, Horsefly Bay, and Shoals Bay). Metal concentrations are 
represented by vectors with vector length proportional to correlation coefficients, and vector 
direction indicative of the direction of maximum correlation.    
 
sediment-metal concentrations can be attributed to by a large range of metals. PC1 is 
highly correlated with many metals including Co, Fe, Mn, V, Be, Ti, and Al all 
correlating at greater than or equal to 0.90 and Cu at 0.85. The highest correlation for PC2 
were Ni and Cr at 0.97 and 0.94, respectively, which were especially high in Bootjack 
Lake compared to the other sampling sites. 
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Figure 2. 5. Principle component analysis (PCA) ordination plot of sediment metal concentrations 
in the plane of PC1 and PC2. Each label represents a study site in Polley, Little, Bootjack, or 
Quesnel Lake (Raft Creek, Cedar Point, Horsefly Bay, and Shoals Bay). Metal concentrations are 
represented by vectors with vector length proportional to correlation coefficients, and vector 
direction indicative of the direction of maximum correlation relative to the ordination plane.   
 
For whole-body amphipod metal concentration, the ordination in the planes of 
PC1 and PC2 resulted in one distinct cluster (Figure 2.6): Polley Lake and Raft Creek (i.e. 
near-field and directly affected sites), Little Lake (i.e. Polley and Bootjack Lake 
reference), and Horsefly Bay (i.e. far-field site in Quesnel Lake). Bootjack (near-mine 
site), Cedar Point (i.e. near-field site in Quesnel Lake) and Shoals Bay (i.e. Quesnel Lake 
reference) were on their own. Sodium had the highest positive eigenvalue loading on PC1 
and whereas Co had the highest negative loading (Table 6). On PC2, the highest negative 
loading was for Cr and there were no positive loadings. Al had the highest loading on 
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Figure 2. 6. Principle component analysis (PCA) ordination plot of whole-body amphipod metal 
concentrations in the plane of PC1 and PC2. Each label represents a study site in Polley, Little, 
Bootjack, or Quesnel Lake (Raft Creek, Cedar Point, Horsefly Bay, and Shoals Bay). Metal 
concentrations are represented by vectors with vector length proportional to correlation 
coefficients, and vector direction indicative of the direction of maximum correlation relative to 
the ordination plane.    
 
PC3, whereas Cr had the highest negative loading. 
The clustering of sites along the planes of PC1 and PC2 for whole-body amphipod 
were mostly attributed to by fewer metals than for water or sediment. The metals most 
associated with PC1 were Na and Ca at 0.88 and 0.80 as a correlation, respectively. 
Correlation for PC2 were generally lower than PC1 with Cr at 0.77 and Cu at 0.72 as the 
most highly correlated metals along PC2. 
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 To investigate the correlation of whole-body amphipod metal concentrations with 
water or sediment, Pearson correlations were carried out with water and sediment metal 
concentrations found in Quesnel Lake (Table 2.10). High correlation was found between 
whole-body amphipod-Cu concentrations and sediment-Cu concentrations. In contrast, 
amphipod-Cu and water-Cu concentration correlated at -0.20. The high amount of 
difference found between the correlation values is indicative of bioavailable sediment-Cu 
rather than water-Cu. The same could be said for Al, with high sediment correlation and 
low water correlation. Sodium in the sediment and water was found to also highly 
correlate with amphipod-Na concentrations which could be facilitating Cu uptake in the 
animals.  
 
 Table 2. 10. Pearson correlation coefficients (r) between whole-body amphipod metal 
concentrations and water or sediment metal concentrations from Quesnel Lake. 
Note. Boldface value represents the high correlation values 
 
 The potential for Cu to be bioavailable to amphipods was further explored since 
it was identified as a metal of potential concern and had high correlation between whole-
body amphipod Cu concentrations and sediment-Cu concentrations. Amphipod whole-
body Cu concentrations were found to differ among study sites (F6,35=21.83, p< 0.001) 
Metal Water Sediment 
Al 0.14 0.77 
Ca -0.64 0.36 
Cr 0.81 0.66 
Cu -0.20 0.97 
Fe -0.21 0.37 
Mg 0.15 0.71 
Na 0.77 0.84 
Zn 0.73 -0.16 
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with the highest Cu concentrations found in Bootjack Lake (i.e. near-mine site), Polley 
Lake, and Raft Creek (i.e. directly affected and near-field sites) and lowest in Little Lake, 
Shoals Bay (i.e. reference sites) and Horsefly Bay (i.e. far-field site) (Figure 2.7C). In 
agreement with the Pearson correlation test, amphipod-Cu concentrations were much 
more reflective of sediment concentrations than water concentrations (Figure 2.7). 
Among the Quesnel Lake sampling sites, whole-body amphipod-Cu and sediment Cu 
concentrations decreased with increasing distance from where the tailings material 
entered the lake in 2014. Water Cu concentrations within the Quesnel Lake sampling sites 
did not exhibit a similar pattern. Polley Lake had increased water, sediment, and 
amphipod Cu concentrations compared to Little Lake. Of note, Cu concentrations were 
highest in Bootjack Lake (F6,14=105.9, p< 0.001) and Horsefly Bay (F6,14=58.14, p< 
0.001) in sediment and water, respectively; neither of which received direct input from 
the tailings breach.  
 
Discussion 
A short-term laboratory sediment exclusion study has demonstrated that when 
laboratory raised amphipods were exposed to water and sediment from sites affected by 
the 2014 MPMC tailings impoundment breach, there were resulting toxicological effects. 
The H. azteca that were allowed access to Polley Lake sediment, and animals exposed to 
Raft Creek regardless of their ability to access the sediments, showed higher mortality 
than controls and reference sites. There was, however, no effect of sediment access or site 
on growth between relevant sites. 
Specifically, in the sediment exclusion study we found that Cu from water and 
41 
 
Figure 2. 7. Mean Cu concentration (± SEM) for (A) water, (B) sediment, and (C) whole-body 
amphipod Cu concentration collected from sites in Little, Bootjack, Polley, and Quesnel Lake 
(Shoals Bay, Horsefly Bay, Cedar Point, and Raft Creek) measure via ICP-MS. Water and 
sediment n=3, amphipod-Cu concentration, n=6. Letters denote significant differences (p < 0.05).  
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sediment collected from Quesnel and Polley Lake is bioavailable to amphipods. 
Sediments appeared to be more relevant for explaining the whole-body amphipod metal 
load than water. In the sediment-exclusion study, Cu was found to increase in whole-body 
H. azteca in all contaminated sites relative to laboratory controls. Of the non-reference 
sites, the most impacted sites from the 2014 MPMC tailing impoundment breach within 
Quesnel Lake, Cedar Point and Raft Creek, were also found to have 19.2% and 28.4% 
higher amphipod-Cu concentrations relative to the reference site, Shoals Bay. Borgmann 
and Norwood (1997) previously demonstrated that H. azteca experience 4 week 50% 
lethal body concentration (LBC 50) of 1.30 and 3.84 µmol/g for Cu. When specifically 
examining the toxicological potential of Cu, the reduction in survival observed in the 
present study could be attributed to an imbalance in Cu homeostasis leading to Cu ion 
initiated Fenton and Fenton-like reactions that lead to oxidative stress causing cell 
damage and eventual mortality (Gaetke et al., 2014). Whole-body amphipod Cu 
concentrations were not seen to increase in Polley Lake in conjunction with the observed 
decrease in survival for H. azteca that had sediment access. Previous work done by 
Borgmann et al. (1993) has shown that H. azteca can regulate Cu when exposed to a 
spiked sediment-Cu concentrations as high as 95 mg/kg. It may be that sediment-bound 
Cu in Polley Lake is not at a high enough concentration to disrupt the natural Cu 
homeostasis in the animal. Since the tailings material consisted of several potential 
contaminants it is possible that a contaminant other than Cu could account for the 
discrepancy in the survival results.  
The results of the field work collections corroborate with the results of the 
sediment-exclusion study. The present study has revealed similarities in sediment-Cu 
concentrations and Cu concentrations in whole-body amphipods of both field and 
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laboratory-raised amphipods. The pattern of the sediment-Cu concentrations closely 
correlates with whole-body amphipod Cu concentrations whereas water-Cu 
concentrations do not. Within Quesnel Lake, amphipod-Cu concentrations of field 
collected amphipods and laboratory-raised H. azteca increases with decreasing distance 
from where the tailings entered Quesnel Lake, as does sediment Cu concentrations. The 
increasing sediment and amphipod-Cu concentrations in relation to distance from where 
the tailings material entered the lake suggests that Cu associated with the solid tailings 
from the MPMC tailing impoundment breach is bioavailable to amphipods. Although 
recent geochemical analyses have suggested that Cu was unlikely to be bioavailable 
owing to high association with silicate minerals and insoluble sulphides (SRK, 2015), the 
results of this study suggest otherwise. Ingestion of contaminated sediments by benthic 
amphipods may contribute to metal bioavailability since the acidic environment of the gut 
could release sediment-bound Cu into the readily bioavailable Cu ion. It could also be 
that, as Byrne et al. (2018) suggests, weathering of bound Cu sulphides and reductive 
dissolution of Cu-bearing Fe oxides observed in Hazeltine Creek is occurring in the 
remaining tailings material in Quesnel and Polley Lake.  
While Cu was a focus for the sediment exclusion study there were several metals 
associated with the 2014 MPMC tailings breach, and the surrounding geology, that could 
account for the toxicological effects observed in the experiment. The Cariboo region has 
had mines for over a century refining Cu, Ag, Au, and Mo (Britton, 2016). The Quesnel 
Lake area is located upon some of the highest ranked metallic mineral potential areas in 
the province of British Columbia so a high correlation between many metals in the 
sediment is not unexpected (Hashmi et al., 2015). The results of the present study indicate 
more similarities between whole-body amphipod metal concentrations and sediment-
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metal than water-metal concentrations. Similar results have been found in the mine 
tailings impacted Torch Lake (MI, USA) that has much higher metal concentrations in the 
sediment than in overlay water (Cusack & Mihelcic, 1999). Total metals found in the 
sediment of the present study are most strongly associated with the most affected sites, 
Polley Lake and Raft Creek. The high metal sediment concentrations could be contributed 
to by the fine particle colloid material present in the waterbodies after the tailings 
impoundment breach. Karathanasis (1999) demonstrated that negatively charged colloids 
enhanced metal transport by 5 – 50 fold over control treatments. A similar transportation 
of metals could be occurring in Quesnel and Polley Lake from deep water deposited 
tailings material. The colloidal material could be transported up into the littoral zone 
during seasonal turnover where amphipods can interact with it. 
Correlation between environmental metal concentration and whole-body 
amphipod metal concentrations suggests that metals in the study lakes are bioavailable. 
There was high correlation among field amphipod-metal concentrations and waterborne 
Cr and Na concentrations. Correlations were also high for whole-body amphipod metal 
concentrations and sediment- metal concentrations for Al, Cu, and Na at the study sites 
suggesting that these metals are bioavailable. The observed reduction in survival for the 
sediment exclusion study could be attributed to these metals, especially when considering 
their combined toxicity. Previous work done by Kamunde et al.(2003) has shown that 
when the uptake of Na increases at the gill of rainbow trout (Oncorhynchus mykiss), the 
uptake of Cu also increased due to the use of the same membrane transport protein. Since 
Quesnel Lake is an oligotrophic waterbody, it is likely that freshwater organisms in the 
lake experience elevated uptake of Na to account for the loss of body ions to the water, 
contributing to the high amphipod whole-body Cu concentrations observed in the present 
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study. Other cations, such as Al and Cr could be experiencing the same co-uptake 
mechanism, accounting for their elevated concentrations found in the field collected 
amphipods. Shuhaimi-Othman (2008) previously exposed adult H. azteca to metal 
contaminated field sediment and found that Ni and, similar to the present study, Cu was 
found to bioaccumulate more than the other metals found in the sediment. 
Similar to the present study, metal accumulation correlations between field and 
laboratory-raised amphipods have been found for animals exposed to sediment from the 
Upper Clark Fork River in Montana (Ingersoll et al., 1994). Ingersoll et al. observed that 
while the pattern of amphipod-Cu concentration correlated strongly between field and 
laboratory-raised animals, laboratory-raised animals had drastically lower whole-body Cu 
concentrations than those collected from the field. The difference in field and laboratory 
animal Cu concentrations in the present study could be partially attributed to the naturally 
higher sediment-Cu concentrations found at the study sites compared to the low Cu 
conditions that laboratory animals are cultured in. However, differences in exposure 
routes must also be considered. Laboratory-raised amphipod’s primary route of metal 
exposure was through the sediment while field collected animals may be exposed through 
sediment, overlying water, and food (Ingersoll et al., 1994). The ingestion of metal-bound 
material could contribute to an increase in amphipod-metal concentrations when metal 
dissociates in the acidic environment of the gut causing the release and uptake of cations 
into the tissues of the organism.  
Interestingly, several of Bootjack Lake’s amphipod-metal concentrations were 
similar to, or higher than, the concentrations found for the amphipods in the breach-
affected Polley Lake. Several of Bootjack Lake’s sediment-metal concentrations were 
also even higher than Polley Lake’s. Bootjack Lake’s above BCENV guideline sediment-
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Cu, Cr, and Ni concentration may be high due to the mining operations occurring near its 
banks and/or the naturally high metal concentrations found in the area. Windblown metal-
rich particles from mined material along with mine-waste runoff could be deposited into 
Bootjack Lake creating a waterbody rich in metals resulting in high amphipod-metal 
concentrations. The metal concentrations in Polley Lake may be residual from the breach 
event, despite remediation efforts, which may have led to the amphipod-metal 
concentrations similar to those in Bootjack Lake. 
Little Lake was found to be clustered with other contaminated sites such as Cedar 
Point and Polley Lake for sediment-metal concentrations and amphipod-metal 
concentrations, respectively. It is not clear why this is the case since Little Lake was not 
impacted by the 2014 MPMC tailings breach. Historical mining and its associated waste 
may have influenced the lake’s metal concentration There is evidence of a historical 
massive subaerial flow east of Little Lake as the result of volcanic eruption in the distant 
past (Bailey, 1990). This eruption could have deposited metals into the sediment where 
Little Lake now lies, leading to increased sediment-metal concentrations and subsequent 
whole-body amphipod metal concentrations.    
The only waterborne metal above BCENV guidelines was Cu in Horsefly Bay 
(BCMOE, 2018). However, there is not a correspondingly high whole-body Cu 
concentration in Horsefly Bay amphipods or in H. azteca from the sediment exclusion 
study compared to the other sites. Attributing the high waterborne Cu concentration to the 
MPMC tailings impoundment breach does not seem likely given the lower concentration 
of waterborne Cu found at sites closer to the breach event such as Raft Creek. The 
Horsefly River, that flows into Horsefly Bay, is metal rich where it drains into Quesnel 
Lake likely explains the high Cu concentrations found in the water of Horsefly Bay. The 
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waterborne metal inflow into Horsefly Bay is most likely in a form that is not readily 
bioavailable to amphipods as is evident with the higher DOC present in Horsefly Bay 
compared to the other within Quesnel Lake sites.  
Certain amphipods, such as H. azteca, are often used as representatives for other 
freshwater invertebrates such as nematodes, oligochaetes and Chironomus species 
(Amiard-Triquet & Berthet, 2015). Results from the present study suggest that other 
species found in the study lakes may be similarly affected by the metals found in the 
sediment. Amphipods, and other macroinvertebrates, are an important part of trophic 
interactions in freshwater systems as they represent an important food source for fish such 
as salmon and trout, among others. There could be severe long-term consequences if wild 
populations of invertebrates are experiencing the same levels of mortality as those found 
in the sediment-exclusion study for Polley Lake and Raft Creek. There is also the 
potential for metals from MPMC tailings impoundment breach to transfer through various 
tropic levels. Previously, Zn has been shown to potentially magnify in the freshwater fish 
Rutilus ylikiensis from eating invertebrates in Lake Pamvotis, Greece (Papagiannis et al., 
2004). Copper has also been shown to accumulate in predatory polychaete worms feeding 
on other polychaete worms exposed to Cu-rich sediments (Rainbow et al., 2006). Croteau 
et al. (2005), also demonstrated that Cd could biomagnified from algae to invertebrates to 
fish.  
 
Conclusions     
 From the correlating results of sediment metal concentrations, site whole-body 
amphipod-metal concentration, and the laboratory-raised H. azteca sediment exclusion 
48 
 
experiment, metals are bioavailable in Quesnel Lake and Polley Lake in a pattern that is 
congruent with increasing distance from where the tailing from the MPMC tailing 
impoundment breach of 2014 entered the lake. The results of this study are also 
suggestive that sediment is the primary source of bioavailable metals. These findings 
have implications for future restoration efforts in the waterbodies affected by the MPMC 
tailings impoundment breach of 2014 along with other metal mine waste contaminated 
lakes. The present study also highlights the importance of sediment-based toxicity testing 
in the event of tailing impoundment breaches. It is recommended that additional studies 
should be conducted on (i) the sub-lethal effect that bioaccumulation of metals from 
sediment has on wild populations of amphipods and other freshwater invertebrates, and 
(ii) the ability of bioaccumulated metal to facilitate the trophic transfer of metal from 
invertebrates to fish and possibly to humans in freshwater environments. 
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CHAPTER 3. The single and combined effects of wood-fire runoff and sediment-
bound copper on the freshwater amphipod, Hyalella azteca 
 
Introduction 
Wildfires have been increasing in frequency and severity as a result of climate 
change (Gillett et al., 2004; Westerling et al., 2006). Increased average yearly 
temperatures, reduced rainfall, in combination with an earlier onset of spring all increase 
wildfire risk (Gillett et al., 2004; Westerling et al., 2006). In 2017 and 2018 British 
Columbia, Canada has experienced the two worst fire seasons on record with 12 161 km2 
and 12 985 km2 burned, respectively (British Columbia Wildfire Services, 2019). The 
trend of worsening wildfire seasons is expected to continue with climate change, so the 
impact of wildfire runoff on the condition of freshwater is of concern. Ash and burnt 
material that wash into freshwater ecosystems could be leading to potentially hazardous 
contamination.  
 Wildfires can release nitrogen, phosphorus, ammonia, DOC, and pyrogenic 
polycyclic aromatic hydrocarbons (PAHs) into the aquatic environment via runoff 
(Bladon et al., 2008; McEachern, et al., 2000; Olivella, et al., 2006). Increased nutrient 
concentrations, particularly P, associated with wildfire have been shown to persist 6 to 7 
years post-fire causing changes in trophic interactions due to large algae blooms (Silins et 
al., 2014, 2009). Increased input of DOC into freshwater environments could be 
beneficial as DOC is well known to ameliorate toxicants, such as metals, by sequestering 
them from the water column and reducing their bioavailability to aquatic organisms 
(Besser et al., 2003; Niyogi & Wood, 2004; Richards et al., 2001). The released 
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pyrogenic PAHs persist in the environment potentially causing long-term effects (Abdel-
Shafy & Mansour, 2016).  
 The individual components released by wildfire have been frequently studied; 
however, the study of total post-wildfire runoff toxicity is a recently developing field. 
Previously, Nunes et al. (2017) exposed mosquitofish (Gambusia holbrooki) to post-fire 
surface runoff that resulted in an increase in oxidative stress but no associated oxidative 
damage. Silva et al. (2015) exposed Pseudokirchneriella subcapitata and Lemna minor to 
an aqueous extract of wood ash (AEA) which caused a decrease in microalgae density 
and dry weight, respectively, for both primary producers following acute 
exposure. However, no deleterious effects were observed for Daphnia magna exposed to 
AEA (Silva et al., 2015). Exposure of the freshwater clam Corbicula fluminea to AEA 
resulted in increased mortality and bioaccumulation of PAHs and metals (Silva et al., 
2016). While studying the toxicity of isolated wildfire runoff is of great importance, the 
interaction of wildfire runoff with other potential toxicants remains largely unknown. 
Contamination that occurs in natural environments often interacts with pre-existing 
contaminants to form mixtures that can potentially exacerbate or ameliorate the 
contaminant’s individual effects. Mixture toxicology has been studied in metals with 
findings of less-than-additive, additive, and more-than-additive results for metal co-
toxicity (Norwood et al., 2003). Co-toxicity, therefore, is an important consideration 
when attempting to determine ecological risk of contamination events.     
 Previous research in our laboratory demonstrated that Cu toxicity is enhanced in 
the presence of certain hydrocarbon contaminants, which can be constituents of wildfire 
runoff, such as the pyrogenic PAHs phenanthrene (PHE) and phenanthrene quinone 
(PHQ) in Hyalella azteca (Gauthier et al., 2015). Amphipods exposed to Cu-PHE and 
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Cu-PHQ mixtures experienced 26.9 ± 1.7% and 73.3 ± 13.3% more mortality, 
respectively, than could be explained by the toxicity of the individual toxicants alone 
(Gauthier et al., 2015). While there are studies on single PAH and metal interactions, 
there is a gap in our understanding of how total wildfire runoff affects Cu toxicity.  
The combination of Cu and wildfire runoff could occur in a natural system. The 
2014 Mount Polley Mining Corporation (MPMC) Cu and Au mine experienced a large 
tailings impoundment breach that released approximately 17 M m3 of Cu rich water 8 M 
m3 of solid tailings into Polley Lake, down Hazeltine Creek and into Quesnel Lake 
(Petticrew et al., 2015). Quesnel Lake is a large (surface area 266 km2), deep (maximum 
610 m), oligotrophic fjord lake located in the Cariboo region of British Columbia, Canada 
(Petticrew et al., 2015). Copper was identified as a potential contaminant of concern 
following the breach with waterborne concentrations as high as ~100 µg/L but dropped to 
below 6.6 µg/L by May of 2015 (Imperial Metals, 2015). The solid tailings initial Cu 
concentration in Quesnel Lake was as high as 700 mg Cu/kg (Imperial Metals, 2015). 
While restoration efforts have taken place, solid tailings from the breach remain in the 
affected lakes. In 2017, the Elephant Hill wildfire swept through the Cariboo region 
where the mine is located. The Cu-rich solid tailings released from the MPMC tailing 
impoundment breach in combination with the wildfire runoff from the 2017 Elephant Hill 
wildfire could interact, increasing Cu toxicity to freshwater organisms. An opposing 
hypothesis is one of Cu amelioration where DOC from wildfire runoff could reduce Cu 
toxicity via competitive binding to the site of toxic action (Niyogi & Wood, 2004).  
 The objective of the present study was to determine the extent to which wildfire 
runoff exacerbates or ameliorates Cu sediment toxicity. To accomplish this objective, H. 
azteca were exposed for 14 days under controlled laboratory conditions to a Cu-enriched 
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sediment in combination with increasing concentrations of an artificially created wildfire 
runoff. 
 
Methods 
Culturing Method 
Hyalella azteca were cultured as was described in Chapter 2. 
 
Artificial wildfire runoff preparation 
Balsam fir and Fraser fir trees were burned to create ash and burnt material. 
Coniferous tree species were selected to be relevant to the subalpine fir- and Engelmann 
spruce-dominant forest found around the MPMC breach area. A total of 52.80 kg of 
Balsam fir and 8.07 kg of Fraser fir were burned in an outdoor fire pit until the fire 
extinguished itself approximately 6 hours after ignition. The fir trees had been reduced to 
ash and fragments of not completely burnt trunk. The ash and burnt material was then 
combined with culture water at a 1:4 v/v ratio (Silva et al., 2015). The mixture was stirred 
daily for one week prior to use and continuously aerated. The aged mixture was filtered 
through aquarium filter wool to remove large fragments of debris. The resulting fire 
extract (FE) test water was then diluted with culture water to create a FE concentration 
gradient of 0, 12.5, 25, 50, 75 and 100%.     
 
Copper-enriched sediment preparation  
Copper-enriched sediment at a concentration of 225 mg Cu/kg was used in this 
experiment as preliminary experimentation revealed that this concentration did not reduce 
survival but did reduce growth in H. azteca. By selecting a Cu-exposure concentration 
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that induces sub-lethal toxicity, we could determine if co-exposure with FE exacerbates 
or ameliorates toxicity associated with the Cu-enriched sediment. The Cu-enriched 
sediment was created by making a 2.21 mg/L solution of CuSO4 5H2O (purity >98.5%; 
VWR International; catalog no. BDH3312-2) in ddH2O. The Cu solution was combined 
with bentonite clay at a ratio of 2 mL of solution: 5 grams of bentonite. The mixture was 
then manually stirred until all clay was saturated with solution and thoroughly combined. 
The mixture than was left overnight before being used in the toxicity test. 
 
Toxicity Test 
To investigate the possible interaction of Cu-enriched sediment and FE, a chronic 
fourteen-day sediment toxicity test was performed using H. azteca following Canadian 
Environmental Protection Service Biological Test Method protocols with some 
adjustments (Government of Canada, 2012). All tests were run with randomly selected 
mixed-age H. azteca (50% neonates, 50% adults). All tests were run at 23±1°C with a 
16:8 h light/dark photoperiod and were lit with full-spectrum fluorescent bulbs emitting 
light at 500 lux. All tests were carried out in 300 mL tall form glass beakers filled with 50 
mL of Cu-enriched sediment and 200 mL of test water. Animals were exposed to varying 
concentrations of FE and a single concentration of 225 mg Cu/kg bound sediment. There 
was a total of 11 treatments: laboratory control, bentonite control, 12.5% FE, 50.0% FE, 
100.0% FE, 225 mg Cu/kg, 225 mg Cu/kg + 12.5% FE, 225 mg Cu/kg + 25.0% FE, 225 
mg Cu/kg + 50.0% FE, 225 mg Cu/kg + 75.0% FE, and 225 mg Cu/kg +100.0% FE. 
Laboratory control consisted of culture water with a 3 cm x 3cm square of 70 µm mesh to 
serve as a substrate. The bentonite control consisted of culture water with bentonite clay 
prepared as described above for the Cu-enriched sediment but without the addition of Cu 
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salt. Twelve mixed-aged H. azteca randomly assigned to each replicate. Half of the 
animals were juveniles (<9 days old) and half were adults (>4 weeks). Animals were fed 
ad libitum with finely ground Tetramin® Tropical fish food flakes six times throughout 
the experiment on non-consecutive days. Following the toxicity test, animals were 
transferred to clean culture water and left for 24 hours to depurate the contents of their 
guts. After depuration the H. azteca were rinsed for one minute in a 50 μM 
ethylenediaminetetraacetic acid (EDTA) solution made using culture water to remove 
bound metals from the body surface of the amphipods (Norwood et al., 2007). Animals 
were then transferred to pre-weighed aluminum weigh boats, rinsed with culture water for 
one minute to remove any remaining EDTA, and then the culture water was removed 
using a pipette. Animals were then dried for 48 hours at 60 °C and weighed. 
 
Whole Body Cu Analysis 
 To determine the concentration of Cu in the whole-body of the exposed H. 
azteca, animals were analysed via GF-AAS as was described in Chapter 2. The certified 
reference material, SLRS-6 had mean percentage of recovery 94.1%, mean blank was 
0.55 µg/L. The analytical duplicates had a mean difference of 1.0%.  
 
Acetylcholinesterase analysis 
Acetylcholinesterase activity was measured using methods described by Bartlett et 
al. (2016). A minimum of five amphipods were used in each replicate. Amphipods were 
homogenized in 500 μL homogenizing buffer (Tris buffer: Invitrogen; catalog no. 
15504020) at pH 8 with 1% v/v Triton X-100 (Alfa Aesar; catalog no. J62289) and 
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centrifuged at 10,000 g for 10 min at 4ºC. The resulting supernatant was used in the 
assay. Triplicate additions to the microplate were as follows: 40 μL of homogenizing 
buffer (blank), electric eel cholinesterase (enzyme standard; Sigma-Aldrich; catalog no. 
C3389) or supernatant, 250 μL Ellman’s reagent (5,5’-dithiobis[2-nitrobenzoic 
acid];Thermo Scientific; catalog no. 22582) and 10 μL of acetylthiocholine iodide 
(Sigma-Aldrich; catalog no. A5751). Absorbance was measured on a microplate reader 
(Varioskan Flash; Thermo Scientific; USA) at 405 nm in two-minute intervals for 30 min. 
 Protein quantification of the amphipod supernatant was measured using a 
bicinchoninic acid assay (BCA) as described by Bartlett et al. (2016). Triplicate additions 
to the microplate were as follows: 25 μL of homogenizing buffer, bovine albumin protein 
standards (0, 100, 250, 500, and 1000 μg/mL; Sigma-Aldrich; catalog no. A7906), 
electric eel cholinesterase or homogenate supernatant were added with 200 mL of the 
BCA working reagent. The plate was incubated at room temperature for 2 h and 
absorbance was measured on a microplate reader (Varioskan Flash; Thermo Scientific; 
USA) at 562 nm. The protein concentrations were calculated using the standard curve 
made from the bovine serum standards. 
 
Acetylcholinesterase activity was calculated using the equation: 
𝑆𝑝𝑒𝑐𝑖𝑓𝑖𝑐 𝐴𝑐𝑡𝑖𝑣𝑖𝑡𝑦 =
𝐴 × 𝑅𝑉𝑜𝑙 × 1000
𝐸 × 𝑃𝐿 × 𝐻𝑉𝑜𝑙 × 𝑃𝑅
 
where specific activity is in μmol/min/g protein, A is the change in absorbance per 
minute, RVol is the reaction volume (300 mL), 1000 is a unit conversion factor (g to mg), 
E is the extinction coefficient for 5,5 -dithiobis[2-nitrobenzoic acid] (1.36 104 1/M cm), 
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PL is the pathlength (0.875 cm), Hvol is the homogenate volume (500 mL), and PR is 
protein in the homogenate (mg/mL). 
 
Water Quality 
Water quality was measured at the beginning (day 0), halfway point (day 7), and 
at the end (day 14) of the experiment in one replicate of each treatment (Table 2.1). 
Dissolved oxygen and temperature were measured every other day using a dissolved 
oxygen probe (YSI Pro20 dissolved oxygen meter; YSI). The pH was measured using a 
pH meter (accumet™ Excel XL15 pH meter; Fisher Scientific). Conductivity was 
measured using a Traceable conductivity meter (VWR, catalog no. 89094-762). Hardness 
and alkalinity were measured using the titration method described by the American Public 
Health Association (APHA, 1989). Dissolved organic carbon samples were filtered and 
stored at -20°C and were analyzed by Aquatic Toxicology Research Centre 
Environmental Laboratory at Lakehead University. 
 
Statistical Analysis 
A one-way ANOVA followed by a post-hoc Tukey’s test was used to determine 
significant differences among treatments. The total whole-body Cu data set was log-
transformed to meet assumptions of homogeneity. Additionally, the more-than-additive 
accumulation of whole-body Cu concentration of Cu+FE was analyzed using a one-
sample singled tailed t-test where the mean of the Cu and the FE exposure were combined 
and compared with the Cu+12.5% FE exposure. All of the data were analyzed using R (R 
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Core Team, 2018). Mean differences were considered to be statistically significant 
different when p < 0.05. 
 
Results 
Survival 
 Percent survival of the controls in both laboratory and bentonite controls was not 
affected by the experimental conditions (Figure 3.1). All exposures that contained FE 
concentrations greater than 12.5%, including those with and without Cu-enriched 
bentonite, experienced 100% mortality by the end of the experiment. Survival in the 
12.5% FE and the 225 mg/kg Cu-enriched sediment exposures did not differ from control. 
However, when 12.5% FE is combined with the 225 mg/kg Cu-enriched sediment there 
was a 41% reduction in survival (F4,31=45.89, p<0.001) (Figure 3.1).  
 
Weight 
Weight could only be compared among treatments that did not result in complete 
mortality. The controls and 12.5% FE exposure had greater per organism weight than the 
225 mg Cu/kg and the 225 mg Cu/kg + 12.5% FE exposures (F4,31=23.7, p<0.001) 
(Figure 3.2). However, the weight per organisms in the surviving exposures that 
contained Cu-enriched sediment did not differ from each other (Figure 3.2). 
 
Amphipods whole-body Cu concentration 
 Results from the Cu GF-AAS analysis revealed differences in whole-body 
amphipod Cu concentrations between treatments (F4,12=110.8, p<0.001). All exposures 
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Table 3. 1. Average water quality parameters (±SD) in water samples for toxicity test using H. 
azteca exposed to a Cu-enriched sediment and artificially created fire extract (FE)a 
a The data given for pH, alkalinity, hardness, and conductivity had n=3, temperature and 
dissolved oxygen (DO) had n=7, dissolved organic carbon (DOC) had n=2. 
bpH water quality reported as median (± range) 
 
that were not controls had increased concentrations of Cu (Figure 3.3). This increased Cu 
was greatest in amphipods exposed to Cu+FE which was also greater than the 
concentration of Cu in animals exposed to Cu or FE individually (Figure 3.3). In fact, a 
more-than-additive increase in whole-body Cu concentration was found for animals 
exposed to Cu+FE than to animals exposed Cu or FE individually (t3=2.30, p=0.05).   
Treatment Temp 
(°C) 
DO 
(% O2) 
pH b Alkalinity 
(mg/L as 
CaCO3) 
Hardness 
(mg/L as 
CaCO3) 
Conductivity 
(μS/cm) 
DOC 
(mg/L) 
Laboratory 
Control 
22.6±0.5 96.3±4.3 7.88  
(7.83-7.91) 
57±7.8 182±19 456±39 3.3 
Bentonite 
Control 
23.7±0.1 92.8±0.7 8.42  
(7.91-8.57) 
71±18 152±42 819±68 14.7 
Cu 23.2±0.5 91.5±1.9 8.43 
(7.90-8.56) 
100±31 124±66 856±102 15.0 
12.5% FE 22.2±0.2 88.9±1.5 8.46  
(8.41-8.51) 
259±18 87±19 1022±177 10.1 
50.0% FE 22.3±0.2 90.6±1.7 8.78  
(8.61-8.91) 
634±51 107±30 2443±133 41.6 
100.0% FE 22.3±0.2 91.4±2.9 9.16  
(8.88-9.18) 
1234±12 133±42 4013±90 80.3 
Cu+12.5% FE 23.5±0.3 91.5±4.7 8.64  
(8.41-8.68) 
278±3.6 85±30 1190±322 23.2 
Cu+25.0% FE 23.4±0.5 91.9±6.9 8.81  
(8.51-8.86) 
349±56 71±15 1627±304 36.9 
Cu+50.0% FE 23.1±0.8 92.6±5.7 9.02  
(8.70-9.03) 
691±70 72±15 2563±237 58.5 
Cu+75.0% FE 22.9±0.5 91.3±1.1 9.07  
(8.88-9.07) 
927±23 67±18 3257±32 74.4 
Cu+100% FE 23.7±0.0 88.3±0.9 9.17  
(8.92-9.20) 
1260±99 66±7.0 3953±38 96.3 
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Figure 3. 1. Mean of proportional survival ± standard error for surviving H. azteca following 
exposure to various percent concentrations of fire extract (FE), and 225 mg Cu/kg sediment (Cu). 
Replication of laboratory control and FE exposures was n=6. Replication of bentonite, Cu, and 
Cu+FE exposures was n=8. Bars sharing the same letter designation are not statistically different 
from one another (p ≤ 0.05). 
 
Acetylcholinesterase assay 
Acetylcholinesterase activity was found to differ among treatments (F4,10=32.44, 
p<0.001). Mean measured amphipod AChE activity did not differ between laboratory and 
bentonite controls (Figure 3.4). Exposure to either FE or Cu+FE resulted in a similar 
reduction in AChE activity compared to controls; however, the activity between animal 
exposed to FE or Cu+FE did not differ from each other (Figure 3.4). There was also an 
increase in AChE activity found for amphipods exposed to 225 m/kg Cu-enriched  
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Figure 3. 2. Mean dry weight per organism ± standard error for H. azteca following exposure to 
12% fire extract (FE), 225 mg/kg sediment bound Cu, and 225 mg/kg sediment bound Cu-12% 
FE mixture. Replication of laboratory control and FE was n=6. Replication of bentonite, Cu, and 
Cu+FE was n=8. Bars sharing the same letter designation are not statistically different from one 
another (p ≤ 0.05). 
 
sediment exposure compared to laboratory and bentonite controls (Figure 3.4). 
 
Water Quality 
Dissolved organic carbon, pH, and alkalinity were observed to increase with 
increasing FE percent concentration both with and without the addition of Cu-spiked 
sediment (Table 1). Hardness decreased in exposures with Cu-spiked sediment with 
increasing FE percent concentrations, but this was not observed in exposures that did not  
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Figure 3. 3. Mean whole-body Cu concentration ± standard error for H. azteca following exposure 
to 12% fire extract (FE), 225 mg/kg sediment bound Cu, and 225 mg/kg sediment bound Cu+12% 
FE mixture. Bars sharing the same letter designation are not statistically different from one 
another (p ≤ 0.05). n = 3. 
 
contain Cu-spiked sediment (Table 2.1). All other water quality parameters were within 
acceptable deviations of average values described in the Canadian Environmental 
Protection Service Biological Test Method (Government of Canada, 2012). 
 
Discussion 
Survival, growth, and bioaccumulation 
We found that the combination of a Cu-enriched sediment with FE interact to cause more-
than-additive toxic effects on H. azteca.  The Cu+FE combination induced a severe 
decrease in survival following 14-day exposure to 225 mg Cu/kg and 12.5% FE. 
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Figure 3. 4. Specific activity ± standard error for H. azteca following exposure to 12% fire extract 
(FE), 225 mg/kg sediment bound Cu, and 225 mg/kg sediment bound Cu+12% FE mixture. Bars 
sharing the same letter designation are not statistically different from one another (p ≤ 0.05). n=3. 
 
These results are in agreement with research done by Gauthier et al. (2015) who 
performed a study with H. azteca exposed to combinations of waterborne Cu with 
pyrogenic PAHs, which are constituents of FE. Amelioration of Cu toxicity by DOC 
present in the FE was not observed which is incongruent with decreased toxicity found 
for Ceriodaphia dubia exposed to Cu and DOC by Kim et al. (1999). This inability to 
ameliorate Cu toxicity may be due to exposure route. The benthic amphipods are very 
likely consuming Cu that is bound to DOC but when the molecule enters the acid 
environment of the digestive system, it releases Cu in its ionic form which is bioavailable 
to the organism. 
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The addition of FE did not affect growth of H. azteca differently than Cu-spiked 
sediment alone. Observing a difference in survival but not in growth could indicate that 
the mechanisms of combined toxicity have a threshold that, when reached, causes death 
in the organism before more sensitive endpoints such as growth can be affected. Before 
this threshold is met, amphipods would only be affected by the Cu-spiked sediment. The 
use of mixed-age animals could have contributed to this effect with younger, more 
sensitive animals reaching threshold toxicity at lower concentrations than adults. García 
et al. (2010) studied the age-related sensitivity of Hyalella curvispina to cadmium and 
found neonates to be more sensitive with an LC50 five times lower than adults. For the 
Cu+FE exposures that had complete mortality, it is theorized that this threshold of 
toxicity was met for both age classes before the end of the exposure. It could also simply 
be that growth is not affected by this exposure. 
 This study found that amphipods exposed to Cu+12% FE had a more-than-
additive accumulation of Cu compared to either contaminant individually. Excess metals 
are not easily transported across membranes but polycyclic aromatic hydrocarbons 
present in the FE can disrupt membrane fluidity leading to increased ion uptake (Sikkema 
et al., 1994). Once in the cell,  metals produce ROS leading to cell damage and enzyme 
alteration including cytochrome p450 1A1 (CYP) (Gauthier et al., 2014). Inactivation of 
CYP 1A1 reduces the ability of the cell to break down and detoxify PAHs (Gauthier et 
al., 2014). In this way, Cu and PAHs both facilitate each other to increase their individual 
toxicological effects, leading to the more-than-additive effect on mortality observed in 
this study.   
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AChE activity 
One possible mechanism of toxicity studied was inhibition of AChE activity. 
Acetylcholinesterase activity in H. azteca was found to be diminished when exposed to 
FE which is likely due to the presence of PAHs in the FE.  Gauthier et al. (2016) found 
similar results for H. azteca exposed to PHE with AChE activity at 77 ± 7% of control. 
Due to their non-polar nature, PAHs enter the cell through passive diffusion across 
membranes. Once in the cell, PAHs can inactivate AChE when nitro-aromatic compounds 
bind to the α-anionic site of AChE inactivating the enzyme (Pohanka, 2011). However, 
other studies have reported decreased AChE activity in animals exposed to non-nitro 
containing PAHs which could be due to in vivo transformation of PAHs to nitro-PAHs 
(Gauthier et al., 2016; Shailaja et al., 2006). Similar toxic mechanisms could explain the 
results found in this study but further investigation into pyrogenic PAH toxicity is 
warranted.  
 Contrary to results found in this study, previous research has shown that aquatic 
invertebrates exposed to metals generally demonstrate a decrease in AChE activity 
(Forget, et al., 1999) or no difference from controls (Gauthier et al., 2016).  However, 
these studies all used waterborne concentrations of metals while this experiment 
employed sediment-bound Cu which could perhaps be contributing to the differences 
found through differences in exposure route leading to differences in the animal toxicant 
concentrations. Some studies have observed AChE activation upon exposure to toxicants 
similar to those used in the present study. Abou‐Donia et al. (2002) studied the effects of 
uranyl acetate on the central nervous system in rats where a significant increase in AChE 
activity was observed in the cortex. The authors suggested that an increase in AChE could 
deplete acetylcholine at the synapse, leading to abnormal neural transmission. Similar 
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effects were observed by Dethloff et al. (1999) and Romani et al. (2003) in rainbow trout 
and sea bream, respectively, in the brain when exposed to Cu. Romani et al., (2003) 
theorized that Cu ions improve the catalytic efficiency of AChE by enhancing the anionic 
moiety of the active site; therefore, increasing the formation of the enzyme-substrate 
complex with choline molecules. A similar effect could be occurring in the amphipods of 
this study; however, whole body AChE was used in the present study, not isolated brain 
tissue. 
 
Conclusions 
This study revealed that the presence of Cu-enriched sediment can exacerbate the 
toxicity of FE leading to a more-than-additive decrease in survival and a more-than-
additive increased in whole-body Cu concentrations for the freshwater amphipod H. 
azteca. Several pathways may be involved in producing these more-than-additive effects 
in H. azteca, particularly those involving Cu and PAH co-toxicity, but they require further 
work. The co-toxic effect of Cu-enriched sediment and wildfire runoff is a concern that 
warrants further investigation to determine how the combination interacts and affects 
aquatic ecosystems.     
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General Conclusions 
 The objectives of the present study were two-fold: first, to determine if metals 
associated with the 2014 MPMC tailings breach were bioavailable to aquatic organisms at 
concentrations sufficient to cause toxicity by using a biotic vector; and second, to 
determine the extent to which forest fire runoff exacerbates or ameliorates Cu toxicity. 
The present study concludes that Cu, and other metals, associated with the MPMC 
tailings breach of 2014 are bioavailable to aquatic organisms. For the sake of ecological 
risk assessment, despite the value and efficiency of bench-top testing for bioavailability, 
the best way to test bioavailability of contaminants is to use biota. While many studies 
employ geochemical assessments to determine the potential for sediment-bound metal 
bioavailability, the present study highlights the importance of confirming the results of 
geochemical studies with biological models. Exposure route to sediments, such as 
ingestion, can have major effects on metal bioavailability when ions are released from 
molecules in the acid environment of the gut. The complex biological systems and 
regulatory mechanisms present within organisms can make predictions of bioavailability 
based on geochemical assessment alone unreliable and prone to underestimating the toxic 
potential of sediments in contaminated water bodies. 
The results of the present study highlight the importance of studying the toxicity 
of multiple contaminants when assessing the toxicological potential of contaminants on 
freshwater organisms. The discovery of more-than-additive effects on toxicological 
endpoints of wildfire runoff in combination with a Cu-enriched sediment could have 
implication for future risk assessment. Climate change has increased the frequency and 
severity of wildfire worldwide with this trend expected to continue with rising global 
67 
 
temperatures (Dale et al., 2001; Stocks et al., 1998). It is not unreasonable to predict that 
these wildfires will interact with metal-contaminated environments such as metal mining 
sites that are in forested areas. This could be the case for locations such as Polley and 
Quesnel Lake that have been impacted by Cu contamination and wildfire runoff. It is 
important to have effective risk assessment to understand how co-toxic events, such as the 
combination of Cu and wildfire runoff, will impact aquatic ecosystems. Results from this 
study strongly suggest that Cu-contaminated water bodies that receive runoff from nearby 
wildfires may be at risk of enriched toxicological effects.  
Future study should be done on amphipod sublethal endpoints following exposure 
to sediment and water collected from Quesnel and Polley Lake. Endpoint such as 
reproduction, body length, and activity could be affected and have implications for the 
ecological health of the waterbodies. A similar sediment-exclusion study should be 
preformed with a fish analog to see if observation in the present study correlate with a 
vertebrate model. Further work should be done testing the toxicity of more representative 
wildfire runoff, such as including undergrowth foliage and soil, in combination with a 
Cu-enriched sediment to determine if more-than-additive toxicity is still observed. 
Additionally, while a PAH – Cu mechanism has been proposed by Gauthier et al. (2014), 
this mechanism does not account for the other constituents of wildfire runoff such as 
ammonia, DOC, P, and N and so requires further work to be more informative for risk 
assessors. 
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